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The objective of the work described in this thesis was to understand sorption reactions of 
uranium occurring at the water-clay mineral interfaces in the presence and absence of arsenic 
and other inorganic ligands. Uranium(VI) removal by clay minerals is influenced by a large 
number of factors including: type of clay mineral, pH, ionic strength, partial pressure of CO2, 
load of the sorbent, total amount of U present, and the presence of arsenate and other inorganic 
ligands such as sulfate, carbonate, and phosphate. Both sulfate and carbonate reduced uranium 




 ions and the 
uranyl ion for sorption sites, or the formation of uranyl-sulfate or uranyl-carbonate complexes. 
Phosphate is a successful ligand to promote U(VI) removal from the aqueous solution through 
formation of ternary surface complexes with a surface site of bentonite.  
In terms of the type of clay mineral used, KGa-1b and KGa-2 kaolinites showed much greater 
uranium sorption than the other clay minerals (STx-1b, SWy-2, and IBECO 
montmorillonites) due to more aluminol sites available, which have higher affinity toward 
uranium than silanol sites. Sorption of uranium on montmorillonites showed a distinct 
dependency on sodium concentrations because of the effective competition between uranyl 
and sodium ions, whereas less significant differences in sorption were found for kaolinite. A 
multisite layer surface complexation model was able to account for U uptake on different clay 
minerals under a wide range of experimental conditions. The model involved eight surface 
reactions binding to aluminol and silanol edge sites of montmorillonite and to aluminol and 
titanol surface sites of kaolinite, respectively. The sorption constants were determined from 
the experimental data by using the parameter estimation code PEST together with PHREEQC. 
The PEST- PHREEQC approach indicated an extremely powerful tool compared to FITEQL.  
 
v 
In column experiments, U(VI) was also significantly retarded due to adsorptive interaction 
with the porous media, requiring hundreds of pore volumes to achieve breakthrough. 
Concerning the U(VI) desorption, columns packed with STx-1b and SWy-2 exhibited 
irreversible sorption, whereas columns packed with KGa-1b and KGa-2 demonstrated slow, 
but complete desorption. Furthermore, most phenomena observed in batch experiments were 
recognized in the column experiments, too. 
The affinity of uranium to clay minerals was higher than that of arsenate. In systems 
containing uranium and arsenate, the period required to achieve the breakthrough in all 
columns was significantly longer when the solution was adjusted to pH 6, due to the formation 
of the uranyl-arsenate complex. In contrast, when pH was adjusted to 3, competitive sorption 
for U(VI) and As(V) accelerated the breakthrough for both elements.  
Finally, experiments without sorbing material conducted for higher concentrations of uranium 
and arsenic showed no loss of total arsenic and uranium in non-filtered samples. In contrast, 















Das Hauptziel der vorliegenden Promotionsarbeit besteht darin, das Verständnis der 
Sorptionsprozesse an der Grenzfläche Wasser-Tonmineral in Anwesenheit von Arsen und 
anderen anorganischen Liganden zu verbessern. Die Sorption von Uran (VI) an Tonmineralen 
wird durch eine Vielzahl von Faktoren beeinflusst. Diese Faktoren sind unter anderem: Art des 
Tonminerals, pH-Wert, Ionenstärke, CO2-Partialdruck, Beladung der Sorbenten, 
Gesamtmenge von U sowie die Anwesenheit von Arsen und anderen anorganischen Liganden. 
Die Sorption von Uranylnitrat auf IBECO-Bentonit wurde durch die Anwesenheit von Sulfat 





und dem Uranylnitration um die Sorptionsplätze auf der Bentonit Oberfläche oder auf die 
Bildung UranylSulfat oder Uranylcarbonat komplexe zurückgeführt werden. Durch die 
Bildung ternärer Oberflächenkomplexe mit der Bentonitoberfläche ist Phosphat ein geeigneter 
Ligand, um die Entfernung von U(VI) aus wässrigen Lösungen zu fördern. 
Hinsichtlich der Art des verwendeten Tonminerals, zeigten KGa-1b und KGa-2 Kaolinite 
eine deutlich größere Uransorption als die anderen Tonminerale (STx-1b, SWy-2, und 
IBECO Montmorillonite). Dies kann dadurch begründet werden, dass bei Kaolinit mehr 
Aluminol-Plätze zur Verfügung stehen, welche eine höhere Affinität gegenüber Uran 
aufweisen als Silanol-Plätze. Aufgrund der Konkurrenz zwischen Uranylnitrat und Natrium, 
zeigte die Sorption von Uran an Montmorillonit eine deutliche Abhängigkeit von der 
Natriumkonzentration. Für Kaolinit hingegen ist die Abhängigkeit von der 
Natriumkonzentration deutlich geringer. Ein Multisite-Oberflächenkomplexierungsmodell 




Ein Multisite-Oberflächenkomplexierungsmodell erwies sich als geeignet, um die 
Uranaufnahme von verschiedenen Tonmineralen nachzuvollziehen. Das Modell 
berücksichtigte acht Oberflächenreaktionen gebunden an Aluminol und Silanol Kantenplätze 
von Montmorillonit bzw. Aluminol und Titanoloberflächen von Kaolinit. Die 
Sorptionskonstanten (log k) für die acht Oberflächen wurden aus den experimentellen Daten 
unter Verwendung von PEST (Parameter Estimation Code) und PhreeqC ermittelt. 
Hinsichtlich der Ermittlung der Sorptionskonstanten erscheint das PEST-PHREEQC-
Verfahren als ein sehr leistungsfähiges Werkzeug im Vergleich zu FITEQL. 
Der sechste Teil dieser Arbeit zeigt eine größere Affinität von Tonmineralen gegenüber Uran 
als Arsen. Im System mit U(VI) und As(V) war auf Grund der Bildung von 
Uranylarsenatkomplexen die Zeit bis zum Erreichen des Durchbruchs in allen Säulen deutlich 
größer, wenn der pH in der Lösung auf 6 eingestellt wurde. Im Gegensatz dazu beschleunigte 
die Konkurrenz von U(VI) und As(V) um Bindungsplätze bei pH 3 den Durchbruch beider 
Elemente. 
Die Experimente, die mit höheren Uran- und Arsen-Konzentrationen ohne Sorptionsmaterial 
durchgeführt wurden, zeigten in ungefilterten Proben keinen Verlust an Gesamturan und 
Gesamtarsen. Im Gegensatz dazu wurde aber ein deutlicher Verlust in gefilterten Proben 
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1.1 Fundamental aspects of clay minerals 
In common with many geological terms, the term ―clay‖ is ambiguous and has multiple 
meanings: (i) a group of fine grained minerals- i.e., the clay minerals; (ii) particle size (smaller 
than silt); and (iii) a type of rock- i.e., a sedimentary deposit of fine-grained material usually 
composed largely of clay minerals (Patterson & Murray 1983, Bates & Jackson 1987). In the 
latter definition, clay also includes fine-grained deposits of non- aluminosilicates such as shale 
and some argillaceous soils.  
From the structural point of view all clays are called phyllosilicates. This name is given 
because in most cases their grain shape is that of a sheet, it is much thinner than it is wide or 
long. The networks of clay structures are built of interlinked polyhedra composed of oxygen 
anions and silicon, or frequently aluminum, and cations. The majority of cations are silicon 
and hence the name of silicates is given to clays (Velde 1995). Figure (1-1) shows the 
classification of phyllosilicates (Rieder et al. 1998). The most important clay minerals from 
this figure regarding their interaction with toxic elements are montmorillonite and kaolinite, 
on which we focused in this work.  
Clay minerals are characterized by certain physical and chemical properties, including: 
 A layer structure with one dimension in the nanometer range; the thickness of the 1:1 
(TO) layer is about 0.7 nm, and that of the 2:1 (TOT) layer is about 1 nm. 
 The anisotropy of the layers or particles. 
  The existence of several types of surfaces: external basal (planar) and edge surfaces  as 
well as internal (interlayer) surfaces (Annabi-Bergaya et al. 1996). 
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 The ease with which the external, and often also the internal, surface can be modified (by 
adsorption, ion exchange, or grafting). 
 Plasticity. 
 Hardening on drying or firing; this applies to most (but not all) clay minerals. 
 
Figure 1-1. Classification of phyllosilicates (Rieder et al. 1998). 
 
As liners in waste repositories clays are used for the control of pollutants. Otherwise, clay 
minerals in soils, along with metal hydr(oxides) and organic matter, control the concentrations 
of toxic ions in surrounding and leaching solutions. The relative contribution of each of these 
clay components to heavy metal ion uptake can vary with the particular heavy metal ion, and 
solution pH, ionic strength, presence or absence of organic/inorganic ligands. However, it has 
been concluded that clay minerals have a stronger affinity for heavy metal ions than for alkali 
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and alkaline earth cations (Tiller 1996). Adsorption of pollutants by clays is a complex 
process, reflecting their strong tendency to form covalent bonds (Jackson 1998a). The extent 
of uptake is not simply a function of the cation exchange capacity (CEC) of the clay minerals. 
This is because heavy metal ion uptake involves a variety of processes, including surface 
complexation, which can be either direct (‗inner-sphere‘), or indirect (‗outer-sphere‘), simple 
ion exchange, and surface precipitation (Swift & McLaren 1991, Scheidegger & Sparks 1996, 
Stumm & Morgan 1996, Jackson 1998b). Some common types of complexes at the clay 
mineral/solution interface are illustrated in (Figure 1-2). 
 
Figure 1-2. The location of inner- and outer-sphere complexes and a diffuse ion relative to an 
aluminosilicate layer, (Sposito 1992). 
 
Surface complexation, constituting specific adsorption, occurs on edge sites. It involves the 
formation of direct bonds between the metal cations, and surface OH groups and O atoms, that 
are intermediate in strength between ionic and covalent bonds (McBride et al. 1991, Swift & 
McLaren 1991, Jackson 1998a, Wu et al. 1999). The process is not completely reversible, 
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although this may reflect kinetic effects rather than true irreversibility (McBride et al. 1991, 
Scheidegger & Sparks 1996). 
Adsorption of pollutants can occur at different sites on the aluminosilicates structure (Inskeep 
& Baham 1983), and the site involved may vary with each particular heavy metal. For 
instance, using models for adsorption–desorption of copper and cadmium by montmorillonite 
(Undabeytia et al. 1998, Undabeytia et al. 2002), it was found that these metal ions can be 
adsorbed on both edge and interlayer sites. For each of the metal ions the preferred site may 
depend, in different ways and to different extents, on factors such as ionic strength, pH, and 
the anions that are present in solution. Cadmium is mostly adsorbed as the non-complexed 
cation on planar (interlayer) sites over a wide range of concentrations, and also in potentially 
complexing chloride solutions (Undabeytia et al. 1998). On the other hand, adsorption of 




could form (Undabeytia et al. 
2002). Unlike that of Cd
2+
, desorption of Cu
2+
 shows hysteresis. This would indicate that 
adsorption occurs on both edge and planar sites, the former being relatively irreversible while 
the latter is reversible. 
1.1.1 STx-1b, SWy-2, and IBECO montmorillonites 
Smectite minerals are ubiquitous components of rocks, soils, and sediments. Sorption on these 
minerals can retard metal and radionuclide migration in many geochemical environments. In 
addition, some proposed nuclear waste repositories plan to emplace compacted bentonite 
material, composed mainly from montmorillonite, between the nuclear waste containers and 
the surrounding rocks to serve as an additional engineered barrier that would limit the 









x+y.nH2O, where the amount of E
+
 represents the 
interlayer cation, x and y the octahedral and tetrahedral substitutions, respectively. The 
smectites with y>x are called montmorillonite (Figure 1-3). Appreciable amounts of trivalent 
Fe often occur in octahedral structures. Montmorillonites are commonly the main constituents 
of the rocks known as bentonites. The basic structural components of the smectites are the 
octahedral (consists of two planes of spherical anions (O, OH)) and tetrahedral sheets (are 
composed of six-fold hexagonal rings) and interlayer configurations.  
The final structure of a clay sheet is the result of a condensation of the tetrahedral silica sheets 
with the octahedral sheets. This happens by sharing the apical oxygen of the silica layer with 
the free oxygen of the octahedral layer. The 2:1-type clay minerals have permanent surface 
charge, which is created by substituting octahedral and tetrahedral cations by other elements 








 in the 
octahedral sheet). This phenomenon is called ‘‘isomorphic substitution‘‘ and is responsible for 
some very important properties of the clay minerals in the aqueous geochemistry. Because the 
substituting ions might have another charge (mostly a lower) the initially neutral clay sheet 
will carry a net negative charge. This excess of negative layer charge is compensated by 
adsorption on the layer surfaces of cations, which are too large to be accommodated in the 
interior of the crystal.  
In the work presented here, three types of montmorillonite were investigated (Ca-
montmorillonite STx-1b, and Na-montmorillonite SWy-2, and Morocco natural bentonite 
IBECO). Both STx-1b and SWy-2 were obtained from the Clay Minerals Society (CMS) 
Source Clays Repository (University of Purdue, West Lafayette). Morocco natural bentonite 
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(IBECO) was acquired from the Federal Institute for Geosciences and Natural Resources 
(BGR) in Hannover (Germany). 
The extremely white STx-1b montmorillonite occurs at the base of the Manning Formation 
and rests on gray friable sandstone that is either the lowest Manning or the uppermost 
Wellborn, and it forms from alteration of volcanic ash of rhyolitic composition. 
The Wyoming montmorillonite SWy-2 developed from volcanic ash falling either into the sea, 
or into the lake (possible exception of the Newcastle Formation). Typically, SWy-2 possesses 
mainly sodium exchange cations, a high cation exchange capacity, and thin and flexible 
crystallites. These characteristics give the Wyoming montmorillonite important considerations 
in the industrial and geochemical systems (Moll 2001) because of its rapid dispersion in water, 
high aqueous viscosities, and exceptional film-forming abilities. 
The Moroccan bentonite IBECO forms through weathering of feldspars, mica, and other 
silicon minerals, and their small size and surface properties make them important reactive 
components of sedimentary rocks such as shale and mudstone, as well as regolith and soils 
containing IBECO. Generally, IBECO is Ca-rich bentonite and has a slightly white color. Of 




Figure 1-3. Diagrammatic sketch of the structure of the montmorillonite, (Grim 1962). 
 
The smectite group has a high sorption capacity for many ions. Ion sorption on smectites is 
controlled by two different mechanisms: (i) a pH-independent adsorption, usually attributed to 
cation exchange in the interlayers and resulting from electrostatic interaction between the ions 
and the permanent charge, and (ii) a pH-dependent adsorption, thought to result from surface 
complexation reactions similar to those on oxides (Dzombak & Hudson 1995). On smectites, 
which have siloxane layers but no gibbsite layers exposed, surface complexation groups are 
usually assumed to be confined to the edges (Zachara & Mckinley 1993, McKinley et al. 
1995), in accordance with spectroscopic evidence (Morris et al. 1994). 
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Adsorption by cation exchange dominates at low ionic strength or low pH. It can be 
successfully described by either a Donnan equilibrium model or accumulation of ions in the 
double layers that develop at the basal planes of the clay lamellae (Bolt 1979, Dzombak & 
Hudson 1995). 
Independent from the description of cation exchange as resulting from coulombic interactions 





) can always be written as: 
H
+
  +  NaX  =  Na
+
  +  HX              Ke 




 represent the ions in solution and Ke is the mass 
action law coefficient for the reaction. 
Following (Fletcher & Sposito 1989), it is possible to define X
- 
as a fictitious surface species 
and write hypothetical complexation reactions: 
Na
+
  +  X
-
  =  NaX 
H
+
  +  X
-
  =  HX 
Such reactions are very similar to surface reactions written in ―surface complexation models‖ 
(see chapter 4). As discussed by (Dzombak & Hudson 1995), the physical interpretation of the 
activity of X
- 
is model dependent and may, for example, be obtained from the Donnan 
potential of the clay particle. 
The pH-dependent adsorption of metals on clays cannot be explained by an electrostatic 
model, but can be understood by analogy with the sorption properties of oxides. Because the 
edges of clays are effectively the surfaces of a mixture of oxides—gibbsite and silica—they 
are able to adsorb metals as pure oxide phases. It is generally assumed that oxygen surface 
groups have the potential to react with ions in solution to form surface complexes. These 
surface reactions may be described with a ―surface complexation model‖ that takes into 
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account both the ―intrinsic‖ affinity of surface sites for solutes and the coulombic interaction 
between the surface charge and the dissolved ions (Schindler et al. 1976, Davis et al. 1977, 
Hayes & Leckie 1987). 
1.1.2 KGa-1b and KGa-2 kaolinites 
Kaolin mineral is a main mineral component of clay-rich host rock formation considered as 
potential nuclear waste repositories. Kaolinite is a 1:1 layer type clay mineral (Figure 1-4) and 
has the simple structural formula Al2Si2O5(OH)4. A layer consists of a single sheet of SiO4 
tetrahedra combined into hexagonal rings, with a superimposed dioctahedral gibbsite type 
sheet of edge sharing octahedral (Strunz & Nickel 2001). Each Si-Al-hydro(oxide) component 
exists in two distinct structural environments at the surface. There is only minimal substitution 
of variable valance cations in the structure compared with smectites and hence only minor 
permanent structural charge. The oxygen atoms and hydroxyl groups at the edges or at the 
gibbsite basal plane of kaolinite are Lewis base or Lewis acid functional groups, which are the 
source of pH dependent charge.  
Two reference kaolinic minerals were used in this work: a well crystallized kaolinite KGa-1b 
and a poorly crystallized kaolinite KGa-2. The soft kaolins (represented by KGa-1b) 
associated with Coastal Plain sediments of Cretaceous age, with a few of Eocene age, are 
often slightly tan or pink and exhibit a characteristic conchoidal fracture. The deposits have 
few sedimentary features and virtually no fossils, probably because of extensive re-
crystallization. Iron-rich oxides, principally goethite and hematite, Ti-rich minerals and 
organic matter cause discolorations. Titanium-rich minerals occur at 1–2 wt.%, and organic 
matter at 0.1–0.04 wt.%. Kaolinite crystals are in large, euhedral, interlocking plates and 
vermiform crystals. The crystals have a low Fe content, 0.10–0.45 wt.% Fe2O3, and are 
principally of the low-defect type; 65 wt% of the particles are >2 µm, a critical parameter in 
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industrial applications. The hard kaolins (represented by KGa-2), associated with Eocene age, 
are often slightly gray, and exhibit a rough, ‗hacky‘ fracture. Iron-rich oxides, principally 
goethite and hematite, Ti minerals and organic matter cause discoloration. Titanium-rich 
minerals amount to 1–3 wt.%, and organic matter to 0.06–0.08 wt.%. The kaolinite crystals 
occur in a face-to-face arrangement. They have more defects than the soft kaolins. The crystals 
have a greater Fe content, typically 0.70–1.0 and wt.%. 80 wt.% of the particles are <2 µm in 
size (Moll 2001).  
 
Figure 1-4. Diagrammatic sketch of the structure of the kaolinite (Grim 1962). 
1.2 Fundamental aspects of uranium and arsenic 
1.2.1 Aqueous uranium geochemistry 
In the aqueous solution, uranium can exist in oxidation states of (+III, +IV, +V, and +VI), 
however, under environmental conditions only the tetravalent and hexavalent states are stable. 
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The reduction half reactions and associated potentials for all of the uranium oxidation states 
are given in (Table 1-1). A Eh-pH plot showing the domains of stability of dissolved and solid 
uranium species is given in (Figure 1-5). Uranium(VI) is considerably more soluble than 
uranium(IV).  
Table 1-1. Reduction potentials of uranium half reactions, (Grenthe et al. 1992) 
Reaction EH° (V) pe° logK 
U
4+
  +  e
-
  =  U
3+
 -0.553 -9.35 -9.35 
4H
+
  +  UO2
2+
  +  2e
-
  =  2H2O  +  U
4+
 +0.267 4.51 4.51 
UO2
2+
  +  e
-
  =  UO2
+
 +0.088 1.49 1.49 
UO2
2+
  +  2e
-
  =  UO2(s) +0.411 6.95 13.89 
U4O9(s)  +  2H
+
  +  2e
-
  =  4UO2(s)  +  H2O(1) +0.456 7.71 15.41 
4β-U3O7(s)  +  2H
+
  +  2e
-
  =  3U4O9(s)  +  H2O(1) +0.517 8.74 17.48 
U3O8(s)  +  2H
+
  +  2e
-




Figure 1-5. Eh-pH diagram for aqueous species and solids in the system U-O2-CO2-H2O at 
25°C and 1 bar total pressure. Solid/aqueous boundaries (stippled) are drawn for total U = 10
-5
 




, respectively, (Langmuir 1997). 
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Uranium in the +VI oxidation state is relatively mobile and can be detected in almost any 
natural water. Seawater is the largest reservoir of dissolved uranium and contains uranium at a 
highly uniform value of 3.3 μg/L. The concentration of uranium in groundwater is usually in 
the range (<1 μg/L). In groundwaters, the weathering of uranium-bearing rocks and minerals 
is the source of dissolved uranium. Uranium is most concentrated in sedimentary rocks, 
particularly organic shales and is also found in significant amounts in metamorphic and 
igneous rocks, with higher concentrations in granites than in basalts (Gascoyne 1992). 
Primordial uranium is present primarily as the isotope 
238





U occurs naturally as a daughter in the 
238
U radioactive decay series. Following the 




U are now present in appreciable amounts. In 
oxidizing aqueous environments, uranium(VI) is present as the linear uranyl dioxo ion (UO2
2+
) 




















 (IAEA 1992, NEA 1992). With increasing carbonate concentrations, mono-







. In aqueous systems, the future fate and transport of uranium is 
predominantly controlled by its sorption onto mineral surfaces (Langmuir 1978, Hsi & 
Langmuir 1985). Passive treatment of uranium contamination is often done by permeable 
reactive barriers with zero valent iron (Morrison et al. 2002, Noubactep et al. 2005).  
1.2.2 Aqueous arsenic geochemistry 
Elemental arsenic (As) is a member of group 15 of the periodic table, with nitrogen, 
phosphorus, antimony and bismuth. It has an atomic number of 33 and an atomic mass of 
74.91. Arsenic (As) is a ubiquitous element found in the atmosphere, soils and rocks, natural 
waters and organisms. It is mobilized in the environment through a combination of natural 
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processes such as weathering reactions, biological activity and volcanic emissions as well as 
through a range of anthropogenic activities. Most environmental arsenic problems are the 
result of mobilization under natural conditions, but man has an important impact through 
mining activities, combustion of fossil fuels, the use of arsenical pesticides, herbicides and 
crop desiccants and the use of arsenic as an additive to livestock feed, particularly for poultry. 
The structures of common arsenic compounds are shown in (Figure 1-6). 
 
Figure 1-6. Structures of common arsenic compounds. Many of the structures partially or 
fully deprotonate under natural conditions, (Henke & Hutchison 2009). 
 
Arsenic occurs in the nature in two primary forms; inorganic and organic. Inorganic arsenic 
occurs in four oxidation states (-III, 0, +III, and +V). Arsenite As(III) and arsenate As(V) are 
the dominant form found in natural waters. Inorganic arsenic is a metalloid widely distributed 
in the earth‘s crust. In aquatic systems arsenic has an unusually complex and interesting 
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chemistry with oxidation-reduction, ligand exchange, precipitation and adsorption reactions all 
taking place.  
The predominant aqueous species of arsenic can be summarized in a pe-pH diagram (Figure 1-









) are predominant for the pH encountered in 
surface and ground water, although the fully dissociated arsenate ion would be rare because 
very few waters reach pH greater that 11.5.  
At pe values characteristic of mildly reducing conditions, the fully protonated arsenite species 
(H3AsO3
0
) is predominant over a wide range of pH (1-9) and because it is not ionized and 
adsorbs less strongly than arsenate species, dissolved arsenite tends to be much more mobile 




become dominant at higher pH values. 
 
Figure 1-7. pe-pH diagram for predominant aqueous species of arenic at equilibrium and 
298.15K and 1 atmosphere pressure (Vink 1996). 
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Organic species of arsenic are predominantly found in food, such as shellfish, and include 
such forms as monomethyl arsenic acid (MMAA), dimethyl arsenic acid (DMAA), and 
arseno-sugars. Organic arsenic forms may be produced by biological activity, mostly in 
surface waters or wetlands, but are rarely quantitatively important (Smedley & Kinniburgh 
2002). 
Under sulfidic, mainly neutral to alkaline conditions, arsenic forms thioarsenates and 
thioarsenites which can become the predominant arsenic species (Planer-Friedrich et al. 
2007b, Planer-Friedrich et al. 2009). 
The equilibrium mineral stability of arsenic under different pe and pH values is illustrated in 
(Figure 1-8), which exhibits the sequence of stable minerals from fully oxidized arsenic pent-
oxide to fully reduced native arsenic in the presence of 10
4-
m total dissolved sulfur. No 
mineral corresponds with arsenate oxide due to its extreme solubility (about 40 grams per 100 
grams of solution) and the addition of the type of divalent cations commonly found in surface 
and ground waters would promote the precipitation of metal arsenates that are less soluble 




Figure 1-8. pe-pH diagram for equilibrium mineral stability in the As-O-S-H2O system at 




Arsenate is chemically similar to phosphate and may be isomorphously substituted and 
enriched in phosphate minerals (Ferguson & Gavis 1972). Arsenic can be removed from the 
aqueous solution by sorption and co-precipitation. Clay minerals play an important role in 
retardation of arsenic in the environment. 
1.2.3 Health effects of uranium and arsenic 
Ground and surface waters are very variable in terms of uranium and arsenic risk. Following 
the accumulation of evidence for the chronic toxicological effects of uranium and arsenic in 
drinking water, many regulations have been revised in the past decades. Maximum 
concentration levels (MCLs) for drinking water have been established for many inorganic 
 
35 
elements, including uranium and arsenic. The provisional MCL for uranium and arsenic has 
been set to 15 µg/L and 10 µg/L, respectively, by the World Health Organization (WHO 
2004). Most of the information about the human health effects of uranium and arsenic, in 
particular in relation to its carcinogenicity, comes from evidence obtained through the study of 
exposed human populations. The human health effects of uranium, arsenic, and other toxic 
elements have been comprehensively reviewed by several leading national and international 
bodies including WHO and USEPA.  
Exposure to uranium can result in both chemical and radiological toxicity. The main chemical 
effect associated with exposure to uranium and its compounds is kidney toxicity. This toxicity 
can be caused by breathing air containing uranium dusts or by eating substances containing 
uranium, which then enters the bloodstream.  
Long-term exposure to arsenic in drinking water is casually related to increased risks of cancer 
in the skin, lungs, bladder and kidney, as well as other skin changes such as hyperkeratosis 
and pigmentation changes (Smith et al. 1992, Guo et al. 2001, Guo et al. 2003). It is generally 
assumed that arsenite is more toxic than arsenate, pentavalent organic arsenic species are the 
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2.1 Abstract 
Batch experiments were conducted to study the uranium(VI) sorption onto bentonite as a 




 M) in the presence 
and absence of sulfate, carbonate, and phosphate. Uranium sorption onto bentonite depended 
on the initial U(VI) concentration with a stronger sorption at lower concentrations and was 
high over a wide range of pH in the absence of complexing ligands. In the presence of 0.005 
M sulfate, U(VI) sorption was reduced at low pH values due to either the competition between 
SO4
2-
 and the uranyl ion for sorption sites on the bentonite surface, or to the formation of 
uranyl-sulfate complexes. In the presence of 0.003 M carbonate, U(VI) sorption decreased 
sharply at a pH above 7, because of the formation of negatively charged uranyl-carbonate 
complexes, which are weakly adsorbed onto the bentonite. Uranium sorption onto bentonite 
was greatly enhanced in the presence of 0.003 M phosphate. Kinetic batch experiments carried 
out for 5×10
-5
 M U(VI) at pH values of 3, 5, and 8 revealed that the sorption rate was 
generally rapid over the first 10 minutes of the experiments, then slowed down appreciably 
after 1 to 24 hours. Sulfate had little effect on the kinetics of U(VI) sorption; both  in the 
absence and presence of sulfate, sorption equilibrium was attained after 4 hours. In the 




presence of carbonate, attainment of sorption equilibrium required more time than in its 
absence. The presence of 0.003 M phosphate reduced the time required to reach sorption 
equilibrium across a wide range of pH compared to phosphate-free systems. 
Key Words: Bentonite, Uranyl, Sulfate, Carbonate, Phosphate, Sorption 
2.2 Introduction 
Uranium pollution of soils and groundwater is widespread at mining and milling operations, 
nuclear processing facilities, nuclear weapon development complexes (Riley et al. 1992b), and 
to a minor extent on agricultural soils due to the application of phosphate fertilizers (Barisic et 
al. 1992, Zielinski et al. 2006). Under oxidizing geochemical conditions, the most stable 
oxidation state of uranium is U(VI) (Grenthe et al. 1992), which exists in acidic aqueous 
solution as the linear uranyl ion ―UO2
2+
‖. At higher pH, the uranyl ion hydrolyzes extensively, 
forming monomers, dimers, and trimers. Both the retardation and transport of U(VI) in 
geological environments are primarily affected by their sorption/desorption reactions at 
solid/solution interfaces (Langmuir 1978, Hsi & Langmuir 1985). 
Hence, predicting the future fate and migration of uranyl in contaminated sites requires an 
understanding of the factors affecting on sorption/desorption of uranium(VI) onto minerals. 
Many parameters can govern the uranyl sorption behavior onto minerals (pH, initial uranium 
concentration, presence and absence of complexing ligands such as sulfate, carbonate and 
phosphate). Clay minerals have been given an important consideration regarding this point. 
Although sorption of U(VI) onto clay minerals has been extensively studied (Borovec 1981, 
Tsunashima et al. 1981, Zachara & Mckinley 1993, Chisholm-Brause et al. 1994, McKinley et 
al. 1995, Turner et al. 1996, Pabalan & Turner 1997, Serne et al. 2002, Zachara et al. 2002, 
Ulusoy et al. 2003), many questions remain about  effect of sulfate, carbonate and phosphate 
on U(VI) sorption onto clay minerals. These ligands can be the most important inorganic 




substance that influence the U(VI) uptake and transport in the subsurface. Therefore, it is of 
great importance to study the influence of different uranyl species formed through presence of 
sulfate, carbonate and phosphate on thermodynamic and kinetic U(VI) sorption onto clay 
minerals. Among the more common candidates in this regard is bentonite which is usually 
recommended for uranium removal from radioactive waste water due to its high sorption 
capability for uranyl ions. This clay is chosen also to avoid pollutant release into the 
environment owing to their high surface areas, low cost and ubiquitous presence at many 
nuclear processing facilities, and weapon development complexes (Serne et al. 2002, Zachara 
et al. 2002).  
Sulfate together with carbonate and phosphate ions are the most important inorganic ligands 
that influence the U(VI) sorption and transport in the subsurface. 
Sulfate is often present in groundwater, particularly in the vicinity of uranium milling 
production sites, where sulfuric acid was utilized in the leaching process. Accordingly, the 
impact of sulfate on uranium sorption is of both theoretical and practical interest. Previous 
work on the sorption of U(VI) in sulfate-containing systems (Venkataramani & Gupta 1991, 
Pabalan et al. 1998, Payne 1999) revealed that sulfate caused a slight decrease or a slight 
increase on (VI) sorption, according to the experimental conditions. This can be attributed to 





for surface sites. 
Carbonate is a strong ligands at alkaline conditions controlling the mobility of U(VI) in 
groundwater significantly by the formation of uranyl-carbonate complexes, which are weakly 
sorbed on many mineral surfaces (Hsi & Langmuir 1985, Waite et al. 1994). 
Phosphate is a common component in subsurface systems and plays an important role in 
governing the mobility of U(VI) (Sandino & Bruno 1992, Payne et al. 1996, Payne 1999, Bain 




et al. 2001, Guo et al. 2003, Cheng et al. 2004). Previous studies showed that the presence of 
phosphate in systems containing U(VI) and iron oxides might have several effects; (i) 
competition with U(VI) for surface sites on iron oxides, which will decrease U(VI) adsorption; 
(ii) competition with surface sites for coordination of U(VI) by forming aqueous U(VI)-
phosphate complexes, which will also decrease U(VI) adsorption; (iii) formation of ternary 
surface complexes involving both U(VI) and phosphate, which will enhance the adsorption of 
both U(VI) and phosphate (Payne et al. 1996, Guo et al. 2003); (iv) precipitation of U(VI)- 
phosphate solids, which can decrease aqueous U(VI) concentration. Sorption and transport of 
U(VI) can be kinetically controlled (Qafoku et al. 2005), and the kinetic sorption behavior was 
generally described to be rapid, taking place on a time scale of milliseconds, followed by a 
slower sorption period on a time scale of hours or days.  
In the present work, U(VI) sorption onto bentonite was studied as a function of pH and initial 
U(VI) concentrations in the presence and absence of sulfate, carbonate, and phosphate. We 
focused also on the effect of these ligands on kinetic U(VI) sorption behavior onto bentonite. 
These ligands were chosen because they may be important in the migration of uranium in 
natural environments.  
2.3 Methodology 
2.3.1 Material and samples preparation 
Morocco bentonite IBECO was supplied from the Federal Institute for Geosciences and 
Natural Resources (BGR) in Hannover. Table (2-1) presents the chemical composition 
measured by X-ray fluorescence (XRF), after mixing the powdered samples with a flux 
material and melting into glass beads. Powder X-ray diffraction (XRD) was used to determine 
the mineralogical composition according to (Ufer et al. 2004). The results show that the 




bentonite (<2µm clay fraction) is mainly composed of montmorillonite (80.3 %) and small 
amounts of impurity phases such as plagioclase, orthoclase, cristobalite, and quartz (12.1 %, 
5.5 %, 1.3 %, and 0.9 %, respectively). No pre-treatment and separation were conducted for 
the bentonite before the sorption experiments, because the goal of this work is to test the 
sorption application on natural mineral, not on reference mineral. The effect of other minerals 
(plagioclase and orthoclase) on U(VI) sorption has been not reported in the previous 
literatures. Therefore, it was not considered in this study. Due to a low content of cristobalite 
and quartz in bentonite, its influence was not taken into account on U(VI) sorption onto 
bentonite.  















U 8 mg/kg 
LOI is expressed as loss of ignition  
 
U(VI) stock solutions of 5×10
-6
 M or 5×10
-5
 M were prepared by dissolving uranyl nitrate 
hexahydrated UO2 (NO3)2.6H2O (Chemapol, Germany) in Milli-Q ultra pure water (18 
M /cm). U(VI) concentrations were photometrically determined  by the arsenazo III method, 
0.15 % (m/v) Arsenazo [1,8-dihydroxynaphthalene-3,6-disulphonic acid-2,7-bis (azo2)-
phenylarsonic acid] (Riedel-de-Häen, Germany), 200 mg of high-purity Zn granules (Fluka, 




Germany), 37 % HCl (Baker, Germany), and 1g /100 mL ascorbic acid and oxalic acid (both 
Chemapol, Germany) were used. This method was described in detail elsewhere by (Savvin 
1961, Meinrath et al. 1999). 
All experiments were carried out in a matrix of 0.01 M sodium chloride (Merck, Darmstadt, 
Germany) to keep the ionic strength at a constant value. 
The solutions of 0.005 M sodium sulfate, 0.003 M sodium hydrogen carbonate, and 0.003 M 
sodium hydrogen phosphate were prepared by dissolving [Na2SO4, NaHCO3, and 
Na2HPO4.12H2O, respectively (all of Merck, Germany)] in the appropriate volume of distilled 
water. The pH of each test solution was adjusted to the required value with diluted NaOH or 
HCl solutions at the start of the experiments and checked by using a combined glass electrode 
(WTW GmbH, Germany). 
2.3.2 Batch experiments 
All batch experiments were carried out with 10 g bentonite and 500 mL of solution using 500 
ml capped glass flasks. The batch experiments were divided into four groups, (i) 0.01 M 
sodium chloride, (ii) 0.01 M sodium chloride and 0.005 M sodium sulfate, (iii) 0.01 M sodium 
chloride and 0.003 M sodium hydrogen carbonate, (iv) 0.01 M sodium chloride and 0.003 M 




 M in all 
groups. The pH values (3 to 8) were monitored in all experiments and adjusted when 
necessary with 0.1 M NaOH or 0.1 M HCl (Merck, Germany) by an automated titrator (794 
Basic Titrino, program version 5.794.0010-Metrohm-Germany) in ―pH-stat mode‖. The 
suspension of U(VI) solution and bentonite was continuously stirred using a magnetic stirrer 
(IAK®, Germany). After 24 hours contact time, the solution was separated from the solid by 
centrifugation (30 min, 3000 rpm, MLW Medizintechnik). The supernatants of all individual 
samples were filtered (0.2 µm cellulose acetate filters, Membrex, Germany). The filtrates were 




analyzed for the final U(VI) concentration by photometry using the arsenazo III method. A 
HACH UV-VIS spectrophotometer with a detection limit of 0.25 µg/L was used for 
absorbance determination at a wavelength of 665 nm. A five-point regression equation was 
used to calibrate the spectrophotometer. The percentage of adsorbed U(VI) was calculated 
from the difference between the initial and final U(VI) concentration by using the following 
equation (2.1): 





                  (2.1) 
Where iC  and fC  are the uranium concentrations in the initial and final solutions respectively. 
The same experiments were conducted in the absence of ―pH-stat mode‖ to check whether the 
initial pH values remain constant or change during the sorption experiments. The 
measurement of final pH values after centrifugation and filtration exhibited a clear increase in 
pH over time, which can be related to the isomorphic substitution occurring between the 
solution and the bentonite. Consequently, it may be important to use ―pH-stat mode‖ to study 
U(VI) sorption at selected pH values. Analysis of a blank flask, containing only the 
radionuclide solutions revealed no increase in U(VI) concentration over 24 hours. This can be 
indicated that sorption on the flask wall was negligible as well as the removal of U(VI) in 
experiments containing bentonite was not due to precipitation but can be related to uptake by 
bentonite. All experiments were performed at laboratory temperature (23 °C) in duplicates, 
and ±5 % was the limit of experimental error of each duplicates. 
2.3.3 Batch kinetic experiments 
Batch kinetic experiments were performed to investigate the effect of the complexing ligands 
sulfate, carbonate, and phosphate on the time required for sorption equilibration. Kinetic 




experiments for the four groups were conducted as described above by using the pH-stat 
method at three fixed pH values of 3, 5, and 8, an initial U(VI) concentration of 5×10
-5
 M, and 
20 g/L bentonite for 24 hours. After adding 10 g bentonite to 500 mL U(VI) solution adjusted 
to the desired pH value, ten minutes were required to create a homogenous system in the flask. 
After that one sample was taken, centrifuged, and filtered. During the 24 hours, 25 samples 
were collected (one sample each hour). All collected samples were centrifuged, filtered, and 
analyzed for the final U(VI) concentration by the arsenazo III method (as described above). 
The amount of adsorbed U(VI) was calculated by equation (2.1). 
2.4 Results and discussion 
2.4.1  Uranium(VI) speciation in solution 
In order to properly interpret the behavior of U(VI) sorption onto bentonite, the aqueous 
speciation of U(VI) was computed as a function of pH in the presence and absence of sulfate, 
carbonate, and phosphate by the geochemical program code PHREEQC version 2.0 (Parkhurst 
& Appelo 1999b) using the WATEQ4F thermodynamic database. The speciation was 




 M in 0.01 M NaCl. Figures 
(2-1, 2-2, 2-3, and 2-4) show results of the calculation for [U]= 5×10
-5
 M in the absence of the 
complexing ligands, in the presence of 0.005 M Na2SO4, in the presence of 0.003 M NaHCO3, 
and in the presence of 0.003 M Na2HPO4, respectively. Further calculations are not presented 
here because they do not differ significantly. Figure (2-1) reveals that the free uranyl ion 
UO2
2+
 is the dominant species in the acidic pH range up to 5. With increasing pH value the 












 species were observed. Sulfate is a relatively weak complexant for uranyl, but if 




sufficient amounts (0.005 M) are present, this will influence U(VI) speciation up to 




 are present in the pH range (2-6), at pH 6 
the hydrolyzed uranyl complexes become the dominant species in solution (Figure 2-2). In the 





 are the main species in solution (Figure 2-3). Figure (2-4) 





 prevail in solution across a wide range of pH.  
 
 
Figure 2-1. U(VI) speciation in (0.01 M NaCl), [U] = 5×10
-5
 M. 










Figure 2-3. U(VI) speciation in (0.01 M NaCl + 0.003 M NaHCO3), [U] = 5×10
-5
 M. 









2.4.2  Thermodynamic experiments 
2.4.2.1 Effect of pH and initial uranium(VI) concentration 
In Figure (2-5), the results of U(VI) sorption on bentonite in 0.01 M NaCl solution are 
presented as a function of pH for two initial U(VI) concentrations, 5×10
-6
 M and 5×10
-5 
M. 
The sorption curve was only slightly influenced by increasing pH. More than 80% of the total 
U(VI) was adsorbed at all pH values studied. At alkaline conditions above pH 7, the amount of 
adsorbed U(VI) slightly decreased with increasing pH. The distinct mineralogy of bentonite 
offers a clue to the understanding of its distinct sorption character. Bentonite is a low layer 
charge expandable phyllosilicates mineral in which Si-tetrahedral sheets and Al- octahedral 




 in the 
tetrahedral site and divalent ions for Al
3+
 in the octahedral site brings about the charge 
deficiency that is compensated for by the binding of cations with varying amounts of 




hydration water to the interlayer space. Consequently, bentonite has been known to have a vast 
internal surface available for metal sorption and a high CEC value (112 meq/100g in this 
study). The structural charge caused by the isomorphous substitution in the lattice is generally 
known to be a permanent charge, hence is independent of the pH of the surrounding aqueous 
solution. Therefore, it can be assumed that the sorption of U(VI) by this mechanism should be 
independent of pH  (Hyun et al. 2000). 
From the Figure (2-5) it becomes evident that the amount of adsorbed U(VI) is higher at lower 
total uranium concentrations. This can be explained by the fact that at low U(VI) 
concentrations, sorption occurs preferentially at the most energetically favorable sites. At high 
U(VI) concentrations these strong sites are fully occupied, and sorption becomes weaker. In 
addition to the results reported here, decreasing sorption with increasing initial U(VI) 
concentrations has also been observed for the sorption of uranium on montmorillonite 
(Pabalan et al. 1998, Hyun et al. 2001b). 
 
 





Figure 2-5. U(VI) sorption onto bentonite as a function of pH for two initial uranium 
concentrations (5×10
-6
 M and 5×10
-5
 M) in 0.01 M NaCl. 
2.4.2.2 Effect of sulfate 
Experimental data for U(VI) sorption onto bentonite in the presence and absence of 0.005 M 
sulfate as a function of pH are given in (Figure 2-6). Sulfate can clearly reduce the U(VI) 
uptake by bentonite at acidic conditions. This may be explained either by the competition 
between uranyl and sulfate ions for surface sites of bentonite, or by the formation of uranyl-
sulfate complexes in the aqueous phase (see Figure 2-2). 
At pH  6, sulfate has a small impact on the U(VI) sorption onto bentonite due to the presence 
of the hydrolyzed uranyl complexes instead of the sulfate-uranyl complexes. The results 
reported here are supported by the observation of (Pabalan et al. 1998), who concluded that 
the presence of sulfate substantially decreased the U(VI) uptake by montmorillonite. 
Similarly, data from (Venkataramani & Gupta 1991) showed that a strong complexing ligand 
such as SO4
2-
 could substantially decrease U(VI) sorption on hydrous oxides at low pH, either 




by forming uranyl-sulfate complexes or by competing for available sites (Davis & Kent 1990, 
Dzombak & Morel 1990).  
 
Figure 2-6. U(VI) sorption onto bentonite as a function of pH  in 0.01 M NaCl (filled square), 
in 0.01 M NaCl + 0.005 M Na2SO4 (open triangles), in 0.01 M NaCl + 0.003 M NaHCO3 




2.4.2.3 Effect of carbonate 
As shown in (Figure 2-3), carbonate is an important ligand in uranyl speciation particularly at 
high pH values. Experimental results for U(VI) uptake by bentonite as a function of pH in the 
presence of 0.003 M carbonate are included in (Figure 2-6). The diagram shows that the 
presence of 0.003 M carbonate has only little effect on the U(VI) sorption onto bentonite in 
the pH range  3 to 7. The similarity between the U(VI) uptake in systems containing carbonate 







) in this pH range (see Figures 3-4, and 3-6). At a pH above 7, 
U(VI) sorption onto bentonite sharply decreases in the presence of carbonate, which can be 




attributed to the greater dominance of non-sorbing uranyl-carbonate complexes (Waite et al. 
1994) (see also Figure 2-3). These results are in agreement with those reported by (Pabalan & 
Turner 1997, Pabalan et al. 1998) for U(VI) sorption onto montmorillonite in system 
equilibrated with CO2. They exhibited that under alkaline conditions, sorption was inhibited 
due to formation of aqueous U(VI)-carbonato complexes. It was found by (Tripathi 1983) that 
carbonate strongly reduced the U(VI) sorption onto goethite at a pH above 7. This decrease 
could be avoided when experiments were performed under nitrogen. Results reported by 
(Lieser et al. 1992) showed that the U(VI) sorption onto hydrous silicon dioxide decreased 
dramatically at high pH because of the formation of aqueous carbonate complexes. The work 
of (Payne 1999) showed that the strong complexation of U(VI) with carbonate in the solution 
phase is responsible for the decrease in the U(VI) adsorption onto ferrihydrite and kaolinite at 
pH values of more than 8. 
2.4.2.4 Effect of phosphate 
Sorption of U(VI) onto bentonite in the presence of 0.003 M phosphate as a function of pH is 
also presented in (Figure 2-6). Phosphate slightly increased the U(VI) uptake onto bentonite 
under a wide range of pH conditions (3 to 8). The decrease in U(VI) concentration was not due 
to precipitation, but was attributed to the formation of ternary surface species involving both 
U(VI) and phosphate. This observation can be established through blank analysis for system 
containing only U(VI) and phosphate solution (absence of bentonite) for 24 hours. No 
decrease in U(VI) concentration was observed. Furthermore, all experiments were modeled 
before the sorption experiments to check saturation indices in solutions. No precipitation was 





) are important in the aqueous phase (see 
Figure 2-4). The present results appear to be in disagreement with those of (Tripathi 1983), 




who observed a slight decrease in uranium uptake by goethite in the presence of small 
amounts of phosphate. On the other hand, our results are in accordance with previous studies 
by (Bolland et al. 1977) on the sorption of zinc and phosphate on goethite. These authors 
reported that the formation of a surface complex caused a slight increase in the adsorption of 
zinc and phosphate on goethite in the presence of phosphate and zinc, respectively. Data from 
(Benjamin & Bloom 1981) found a substantial increase in zinc uptake in the presence of 1 M 
phosphate. It was reported by (Payne 1999), the presence of 100 µM phosphate increased the 
uranium uptake by kaolinite and ferrihydrite across a wide pH range. Results of (Cheng et al. 
2004) indicated that the effect of phosphate on U(VI) sorption to goethite coated sand was 
dependent on solution pH. At low pH, the U(VI) uptake increased in systems containing 
phosphate due to the formation of ternary uranyl-phosphate surface complexes. At high pH, a 
decrease was observed in U(VI) uptake which can be explained by the formation of soluble 
uranyl-phosphate complexes. 
2.4.3 Kinetic experiments 
Both in the presence and absence of sulfate, carbonate, and phosphate, U(VI) uptake onto 
bentonite consists of a fast initial uptake step followed by a slower process, Figures (3-10, 3-
11, 3-12, and 3-13). This slower rate of sorption is due to interparticle or intraparticle diffusion 
in pores (Brümmer et al. 1988, Barrow et al. 1989, Trivedi & Axe 2000).  
Figure (2-7) illustrates the results of kinetic experiments for U(VI) uptake by bentonite in the 
absence of complexing ligands at fixed pH values of 3, 5, and 8. The reason that amount of 
U(VI) adsorbed onto bentonite at the start of the experiments at pH 3 is higher than at pH 8 
(82% and 73%, respectively) can be explained by the different mechanisms controlled U(VI) 
sorption onto montmorillonite (ion exchange with interlayer cations at low pH, surface 
complex formation with hydroxylated edge sites at high pH), (Hyun et al. 2001b). It might be 




that ion exchange mechanism takes lesser time to occur than surface complex formation. 
Furthermore, U(VI) sorption seems to be the highest at pH 5 (89%), which can be attributed to 
the fact that  both mechanisms governed the U(VI) sorption on montmorillonite at 
intermediate pH. At pH 3, the sorption curve decreases with time (24 hours), indicating that 
desorption of U(VI) from bentonite (5% from the U(VI) adsorbed) may be occurred. This 
release of U(VI) could be related to the initial uranium content in the bentonite (see Table 3-
1). Therefore, kinetic experiments were carried out without adding uranium (20 g/L bentonite 
in 0.01 M NaCl solution) at pH values of 3, 5, and 8 to determine the amount of uranium 
released from bentonite over 24 hours. It was found that small amounts of uranium were 
released (5% from the U(VI) adsorbed) at acidic conditions, whereas no significant amount of 
U(VI) was released from bentonite structure at neutral and alkaline conditions (data not 
shown). At both pH 5 and pH 8, the aqueous concentrations of U(VI) became constant after 4 
hours, indicating that adsorption equilibrium was reached. Additionally, no decrease in the 
sorption curve was observed over time in comparison with that at pH 3 
 





Figure 2-7. Kinetics of U(VI) sorption on bentonite at fixed pH of 3, 5, and 8,                
(∑U(VI) = 5×10
-5
 M, 0.01 M NaCl, mass loading = 20 g/L). 
 
Figure (2-8) shows the data of the kinetic experiments for U(VI) sorption onto bentonite in the 
presence of 0.003 M sulfate. After 10 minutes, the percentages of U(VI) adsorbed onto 
bentonite at pH values of 3, 5, and 8 are 42%, 75%, and 70% respectively. The decrease in 
U(VI) sorption at pH 3 observed in Figure (2-8, presence of sulfate) compared with Figure (2-





 for sorption sites on the bentonite surface. The 
continuousness in this decrease over 24 hours indicated that uranyl-sulfate complexes remain 
dominant during experimental period. At pH 3, the sorption curve reaches the maximum value 
(50%) after 1 hour. Then, it tends to slightly decrease with time (24 hours) similar to (Figure 
2-7). At pH 5 and pH 8, the amount of U(VI) uptake does not change significantly after 4 
hours, indicating that 4 hours are sufficient to approach sorption equilibrium. Comparison 
between Figure (2-7) and (2-8) reveals that no significant differences in the kinetics of U(VI) 




sorption behavior can be derived for pH values of 5 and 8. This similarity can be explained by 
the fact that the same hydrolyzed uranyl species prevail in both systems under pH 5 and 8 
during the experimental period.  
 
Figure 2-8. Kinetics of U(VI) sorption on bentonite at fixed pH of 3, 5, and 8,              
(∑U(VI) = 5×10
-5
 M, 0.005 M Na2SO4, 0.01 M NaCl, mass loading = 20 g/L). 
 
Figure (2-9) presents kinetics of U(VI) sorption onto bentonite in the presence of 0.003 M 
carbonate. The data obtained reveal that the presence of carbonate generally increases the time 
required to establish sorption equilibrium compared to carbonate-free systems; 24 hours are 
not sufficient to obtain a constant sorption curve at pH 8, while after 12 hours the steady state 
of sorption is reached at pH 5. At pH 3, sorption curves in Figures (2-7, and 2-9) appear 
similar kinetic behavior over 24 hour, which can be related to the dominance of same uranyl 
species in the both system (containing and free carbonate) under acidic conditions. 





Figure 2-9. Kinetics of U(VI) sorption on bentonite at fixed pH of 3, 5, and 8,              
(∑U(VI) = 5×10
-5
 M, 0.003 M NaHCO3, 0.01 M NaCl, mass loading = 20 g/L). 
 
The kinetic sorption of U(VI) onto bentonite in systems containing phosphate is characterized 
by initial rapid U(VI) uptake followed by a slower rate of uptake at pH 3 to 8. In the presence 
of 0.003 M phosphate, after 10 minutes, the adsorption percentages of U(VI) become high 
(84%, 99%, and 97% at pH 3, 5, and 8 respectively). In addition, no systematic decrease in 
adsorption percentage of U(VI) was observed after 30 minutes, so it is reasonable to conclude 
that U(VI) adsorption equilibrium was approached after 30 minutes in the presence of 
phosphate (Figure 2-10). Thus, the presence of phosphate not only increased the amount of 
adsorbed U(VI) onto bentonite but also reduced the time required for U(VI) adsorption to 
reach equilibrium. Similarly, (Cheng et al. 2006) studied the effects of phosphate on the 
kinetics of U(VI) adsorption onto goethite-coated sand. In agreement with our observation, the 




presence of phosphate not only increased the rate of U(VI) adsorption but also reduced the 
time required to reach the sorption equilibrium. 
 
Figure 2-10. Kinetics of U(VI) sorption on bentonite at fixed pH of 3, 5, and 8,            
(∑U(VI) = 5×10
-5 
M, 0.003 M Na2HPO4, 0.01 M NaCl, mass loading = 20 g/L). 
2.5 Conclusions 
This work demonstrated that U(VI) sorption onto bentonite is affected by different parameters 
(pH, initial U(VI) concentration, presence and absence of sulfate, carbonate, and phosphate). 
The influence of the afore-mentioned complexing ligands on the kinetics of U(VI) uptake by 
bentonite was also studied. In the absence of complexing ligands, the effect of pH on U(VI) 
sorption onto bentonite appeared to be slight; more than 70% of the total U(VI) was adsorbed 
across a wide range of pH. Uranium uptake decreased with increasing initial U(VI) 
concentrations. At acidic conditions, the competition between SO4
2-
 and uranyl ions or the 
formation of uranyl-sulfate complexes decreased clearly the U(VI) uptake onto bentonite. This 
effect became smaller at pH > 5, due to the absence of uranyl-sulfate complexes. Carbonate 




reduced U(VI) sorption substantially at pH above 7 due to the formation of the negatively 
charged uranyl-carbonato complexes. The rate of U(VI) adsorbed could be enhanced by the 
addition of phosphate at a wide range of pH.  
Both phosphate and carbonate influenced the kinetics of U(VI) sorption onto bentonite, 
whereas it was only slightly affected by sulfate. In the presence and absence of sulfate, around 
4 hours were sufficient to approach sorption equilibrium at pH 5 and 8, while at pH 3, the 
sorption curve showed a slight decrease in sorption rate after 2 hours. The time required to 
reach sorption equilibrium became longer at a pH above 7 in systems containing carbonate 
compared to carbonate-free systems. In systems containing phosphate, U(VI) sorption 
equilibrium was established after 10 minutes, and no changes in the rate of U(VI) adsorbed 
were observed after this time.  
2.6 Environmental implications 
Sulfate, carbonate and phosphate ions are common in natural environments, and these 
constituents all interact with U(VI). Under certain conditions such interactions can control the 
kinetic of U(VI) adsorption. This work shows that phosphate is a successful ligand to decrease 
the mobility of U(VI) in the presence of clay minerals such as bentonite through formation of 
ternary surface complexes under acidic and neutral conditions. Batch experiments conducted 
in present study provides reasonable investigations of U(VI) adsorption under a range of 
conditions such as pH solution, initial concentration of contaminant and presence of some of 
inorganic ligands. This study indicated that U(VI) speciation present in the solution has 
maximal influence on the attenuation and retardation of  U(VI) in geological environment. 
However, the stoichiometry and structure of our proposed U(VI)-sulfate and ternary U(VI)-
phosphate complex formed on the surface of bentonite needs to be confirmed by spectroscopic 
study. Considering data observed in this study, further experimental studies (column 




experiments) for longer scale of time are necessary to predict the fate and transport of U(VI) at 
contaminated sites containing inorganic ligands and clay minerals. Finally, for correct 
prediction and interpretation of U(VI) sorption behavior onto clay minerals in the presence of 
complexing ligands surface complexation model has to develop. 
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3 Uranium Sorption and Desorption Behavior on Bentonite 
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Department of Hydrogeology, Technische Universität Bergakademie Freiberg, Gustav-Zeuner Str.12, 
09599 Freiberg, Germany 
E-Mail: bachmaf@student.tu-freiberg.de 
3.1 Abstract 
Columns packed either with bentonite and quartz or only with quartz were used to investigate 
the sorption and desorption of U(VI) in the presence or absence of sulfate, carbonate, and 
phosphate at pH 6.5. A considerable difference in the breakthrough and desorption curves was 
revealed for columns with and without bentonite. With bentonite in the system, appreciable 
differences were obtained with respect to the presence of the ligands sulfate, phosphate, and 
carbonate. With sulfate a slight decline of uranium sorption was found, while phosphate 
enhanced sorption slightly. On contrary, carbonate suppresses uranium sorption to a high 
extent. Distinct differences were exhibited for the desorption, however, in all experiments it 
could be shown that more uranium was desorbed than previously sorbed, indicating that the 
natural bentonite contained substantial amounts of indigenous uranium. 
3.2 Introduction 
Retardation and transport of U(VI) are initially affected by their sorption/desorption reactions 
at solid/solution interfaces. Among the more common candidates in this regard bentonite (2:1 
clay minerals) is usually recommended for uranium removal from radioactive waste water due 
to its sorption properties. Compacted bentonite is presumed to be used as filling material in the 
underground repository, while a mixture of bentonite and quartz sand is planned for tunnel and 
shafts run to the repository. Conventional batch sorption experiments were widely performed 
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to investigate the U(VI) sorption onto clay minerals (Tsunashima et al. 1981, McKinley et al. 
1995, Pabalan et al. 1996, Chisholm-Brause et al. 2001, Hyun et al. 2001b). Because batch 
techniques have some limitations such as breakdown of soil aggregates, solubilization of soil 
components due to soil sample agitation, and relatively low solid to solution ratios, continuous 
column experiments were considered as an appropriate technique to study the transport of 
U(VI) in porous media. Sulfate together with carbonate and phosphate ions are important 
inorganic ligands that may influence the U(VI) sorption and transport in the subsurface. 
Sulfate is often present in groundwater, particularly in the vicinity of in-situ leaching mines 
and uranium milling production sites, where sulfuric acid was utilized in the leaching process. 
Carbonate is a strong ligand at alkaline conditions controlling the mobility of U(VI) in 
groundwater significantly by the formation of uranyl-carbonate complexes, which are weakly 
sorbed on many mineral surfaces (Hsi & Langmuir 1985, Waite et al. 1994). Phosphate is a 
common component in subsurface systems and plays an important role in governing the 
mobility of U(VI) (Payne et al. 1996, Cheng et al. 2004, Cheng et al. 2007a). The effect of 
these complexing ligands on U(VI) sorption by bentonite during batch experiments was 
reported elsewhere (Bachmaf et al. 2008).  
In this work, we investigated the transport of U(VI) in bentonite-sand packed columns in the 
presence or absence of the above mentioned inorganic ligands. Our major aim was to verify if 
the effects of sulfate, carbonate, and phosphate reported in our previous batch systems are also 
true with flow through conditions.  
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3.3 Materials and methods 
3.3.1 Materials  
The clay mineral used as the adsorbent in the column experiments was a Morocco bentonite 
IBECO, acquired from the Federal Institute for Geosciences and Natural Resources (BGR) in 
Hannover. The mineralogy of the < 2-µM clay fraction according to powder X-ray diffraction 
(XRD) verified that the bentonite is mainly composed of montmorillonite (80.3 %) and small 
amounts of impurity phases such as plagioclase, orthoclase, cristobalite, and quartz (12.1 %, 
5.5 %, 1.3 %, and 0.9 %, respectively). Table (3-1) lists the chemical composition according to 
X-ray fluorescence (XRF) analysis. No pre-treatment was conducted for the bentonite before 
the experiments to preserve its natural conditions. The quartz sand used in this work termed 
F32 was supplied from (Quarzwerke Frenchen, Germany). The sand has an average grain size 
of 0.24 mm and a specific theoretical surface area of 102 cm
2
/g. XRD characterizations found 
98.6±0.26% quartz and 1.4±0.26% calcite. The chemical analysis indicates that quartz sand 
contained 99.7% SiO2, 0.2% Al2O3, and 0.03% Fe2O3. Calcite and a small amount of iron 
oxides was removed from the sand by washing with diluted (1:10) 65% nitric acid for 24 
hours, rinsing with deionised water, and air-drying in the laboratory.  
U(VI) stock solutions of 5×10
-6
 M were prepared by dissolving uranyl nitrate hexahydrated 
UO2 (NO3)2.6H2O (Chemapol, Germany) in Milli-Q ultra pure water (18 M /cm). The 
solutions of 0.005 molar sodium sulfate, 0.003 M sodium hydrogen carbonate, and 0.003 M 
sodium hydrogen phosphate were prepared by dissolving Na2SO4, NaHCO3, and 
Na2HPO4 12H2O, respectively (all of Merck, Germany) in the appropriate volume of distilled 
water. A 0.005 M EDTA solution was prepared using Etheylenediaminetetraacetic acid 
Diaammonium salt (Fluka, Germany). The pH of input solutions was adjusted to a pH of 6.5 
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with diluted NaOH or HCl and controlled by a pH glass electrode and a hand meter (WTW 
GmbH, Germany).  
For constant ionic strength a 0.01 M sodium chloride (Merck, Darmstadt-Germany) solution 
was added to all input solutions. U(VI) concentrations were photometrically determined by the 
arsenazo III method, 0.15 % (m/v) Arsenazo (1,8-dihydroxynaphthalene-3,6-disulphonic acid-
2,7-bis[(azo2)-phenylarsonic acid)] (Riedel-de-Häen, Germany), 200 mg of high-purity Zn 
granules (Fluka, Germany), 37 % HCl (Baker, Germany), and 1g/100 mL ascorbic acid and 
oxalic acid (both Chemapol, Germany) were used (Savvin 1961, Meinrath et al. 1999). 
 















U 8 mg/kg 
LOI is expressed as loss of ignition  
3.3.2 Experimental setup 
Column experiments were conducted at room temperature using a total of eight glass columns 
of 2.4 cm inner diameter, 40 cm height, glass wool filter within the top cap and about 0.5 cm 
layer of granular silica beads at the bottom, covered with aluminum foil. Four columns were 
packed with a mixture of 10% bentonite (34 g) and 90% cleaned quartz sand (300 g) resulting 
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in an average effective porosity of 0.2. The last four columns, used as blank columns, were 
filled with washed quartz sand only. The solutions were pumped from bottom to top at an 
average of about 80 µl/min over sorption and desorption period using a high precision 
peristaltic pump with planetary drive ISMATEC IPC 24 canals (Ismatec SA, Switzerland), 
however some changes of the flow occurred during the experiments. All columns were pre-
conditioned using respective solutions but without uranium for about 12 h. The experiments 
were run for 160 days respectively the exchange of 480 pore volumes. After achieving 
breakthrough in all columns or after 72 days, uranium concentrations in all solutions were set 
to zero in order to investigate desorption. After 113 days, all input solutions were switched to 
a 0.005 M EDTA solution. During the first week of both sorption and desorption experiments 
daily samples from the outlet solutions were collected. After that, three samples per week were 
taken. The effluents collected were immediately filtered with 0.2 µm cellulose acetate filters 









Figure 3-1. Experimental setup of column experiments, columns 1 to 4 were packed with 10% 
bentonite and 90% quartz sand, columns 5 to 8 were packed solely with quartz sand. Input 
solutions 1 and 5 (0.01 M NaCl), input solutions 2 and 6 (0.01 M NaCl + 0.005 M Na2SO4), 
input solutions 3 and 7 (0.01 M NaCl + 0.003 M NaHCO3), input solutions 4 and 8 (0.01 M 
NaCl + 0.003 M Na2HPO4), [U]=5×10
-6
 M during the first 72 days, pH=6.5. 
 
Since sorption onto clay minerals can be controlled by surface complexation at pH >6 
(McKinley et al. 1995, Catalano & Brown 2005) and the investigation of surface complexation 
reactions on clay minerals was the focus of this research, the pH of the input solution for all 
columns was adjusted at pH 6.5. A higher pH was not recommended since for the uranium 
concentrations chosen (5×10
-6
 M), oversaturation of certain uranium minerals (such as 
Schoepite, UO2(OH)2(beta), and (UO2)3(PO4)2) was calculated by means of PHREEQC and 
the LLNL data base.  
By comparing the flow rate of the effluents in columns packed with bentonite and those in 
their blank columns, it is noteworthy that after approximately two weeks from starting the 
pumping the flow rate in the first four columns seems to be slower than those in the columns 
packed with only sand. This phenomenon could be explained by the intercalation of water 
Uranium Mining and Hydrogeology, UMH V, Springer, pages 515-523 
 
75 
molecules and U(VI) species between clay mineral layers that induces swelling in clay 
structure, which leads to a slight decrease in the permeability in the columns containing 
bentonite. 
3.4 Results and discussion 
A slight variation between effluent and influent pH of all the columns was observed (variation 
< 0.5 units). It is assumed that this minor pH variation has no significant impact on the results. 
In each column experiments, the relative uranium concentration (eluted concentration/entering 
concentration) was plotted as a function of normalized outflow (eluted volume/column water 
volume V0) or the time to obtain breakthrough curve (or elution curves) which is typically 
used to describe the solute transport in the porous media (Schweich & Sardin 1981, Roth et al. 
1991). 
The uranium breakthrough curves for the columns 1 to 4 (mixture of bentonite and quartz 
sand) are shown in (Figure 3-2). Less than 10% of uranium did retard in the column 1 for the 
first 40 days (uranium nitrate solution without complexing ligand) due to effective sorption. 
However, after 55 days breakthrough was attained. With sulfate as complexing ligand, a slight 
decline of uranium sorption was found, while phosphate on contrary slightly enhanced 
uranium sorption and extended the breakthrough point to 65 days. In contrast, carbonate 
suppresses uranium sorption to a high extent.  
Uranium was hardly sorbed onto bentonite in the presence of carbonate due to the dominance 
of negatively charged uranyl carbonate species UO2(CO3)2
2-
 at pH 6.5 according to calculated 
species distribution (Table 3-2). The UO2(CO3)2
2-
 complex is thus assumed to be more stable 
than any UO2-surface complex that might form. To explain the minor but still significant 
differences in the three other variations of the experiment is more difficult. This is due to the 
dissent of the thermodynamic data assembled in different databases resulting in partly 
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contradictory results (Table 3-2). Thermodynamic modeling gives little hints why we see less 
sorption for the column with sulfate since the calculated uranium speciation shows no 
difference to the pure UO2 solution.  
The same is true for the experiment with phosphate as ligand since phosphate enhanced 
sorption. It can be speculated that a uranyl-phosphate surface complex on montmorillonite is 
stronger than a comparable uranyl surface complex.  
This adsorption can be explained by the fact that U(VI) sorbs preferentially to the reactive 
octahedral iron surface sites Fe[(O,OH)6] over Al[(O,OH)6] surface sites (Catalano & Brown 
2005). Our modeled and experimental observations suggest no precipitation of U(VI) 
minerals. The saturation indices of U(VI) minerals calculated by PHREEQC and LLNL 
database showed negative values and thus under saturation. Our previous works elucidated 
that U(VI) slightly tends to adsorb to the surfaces of reaction vessels under alkaline 
conditions. Therefore, it can be assumed that 5% loss of U(VI) was attributed to adsorption to 
the surfaces of our experimental system and not due to its adsorption on bentonite surfaces.  
 




Figure 3-2. Experimental breakthrough and desorption curves of U(VI) in 0.01 M NaCl (filled 
square) , in 0.01 M NaCl + 0.005 M Na2SO4 (open triangles), in 0.01 M NaCl + 0.003 M 
NaHCO3 (filled triangles), and in 0.01 M NaCl + 0.003 M Na2HPO4 (crosshairs), flushed into 
the bentonite and washed sand packed columns, [U]=5×10
-6
 M, pH=6.5. 
 
Mass balance was calculated for the columns either packed with bentonite and sand or only 
sand by calculating the amount of U(VI) adsorbed and desorbed from the columns over 
sorption and desorption period (Table 3-3). It is noticeable that the amount of uranium 
desorbed from all columns was significantly higher than sorbed before. This is a clear 
indication for a significant amount of uranium sorbed naturally at the bentonite used. 
Additionally, the comparison between the cation exchange capacity (CEC) of bentonite (112 
meq/100g) with the sorption capacity in the columns exhibited an apparent difference 
indicating that surface complexation of U(VI) on bentonite is three orders of magnitude below 
the total exchange capacity of bentonite. 
 






Table 3-2. Calculated species distribution in % for the four input solutions using PHREEQC and the data bases LLNL, WATEQ4F, 
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2.3 13.4 - 
 
The breakthrough curves of U(VI) for solutions free or containing sulfate, carbonate, and 
phosphate in the blank columns packed with washed quartz sand are plotted in (Figure 3-3). In 
contrast to the experimental data displayed in (Figure 3-2), insignificant retardation of 
uranium was exhibited for all 4 columns. After two weeks from starting the sorption 
experiment, breakthrough was achieved. However, even in this case carbonate is minimizing 
sorption to a certain extent.  
When the U(VI) concentration was set to zero in the input solution (desorption period), almost 
all U(VI) sorbed was recovered from all blank columns after approximately 3 weeks. Similar 
to the columns with bentonite two ligands used showed a significant impact on the desorption 
behavior; carbonate column recovered more uranium than the columns solely treated with UO2 
and those with sulfate as ligand. On contrary from the columns containing the phosphate less 
uranium was recovered. EDTA as final input solution had no significant impact since most of 
the uranium had been desorbed before. Our experimental results concur with those by (Cheng 
 
 





et al. 2007a), who found a small reversible U(VI) sorption in column packed with pure quartz 
sand. 
 
Figure 3-3. Experimental breakthrough and desorption curves of U(VI) in 0.01 M NaCl, in 
0.01 M NaCl + 0.005 M Na2SO4, in 0.01 M NaCl + 0.003 M NaHCO3, and in 0.01 M NaCl + 
0.003 M Na2HPO4 flushed into the washed sand packed columns, [U]=5×10
-6
 M, pH=6.5. 
3.5 Summary 
This work exhibited a clear difference in uranium breakthrough and desorption curves in 
columns packed with bentonite and their respective blank columns indicating an effective 
U(VI) retardation due to surface complexation on bentonite. The substantial amount of 
uranium sorbed already on the natural bentonite induces an inequality in the mass balance 
calculated for the amount of U(VI) sorbed and desorbed over sorption and desorption period. 
The effect of ligands on the U(VI) sorption/desorption revealed a similar behavior for columns 
free of and those containing bentonite. With sulfate a slight decline of uranium sorption was 
 
 





observed, while phosphate slightly enhanced sorption and delayed the breakthrough peak. On 
contrary, carbonate suppressed U(VI) sorption significantly.  
 
 






Bachmaf S, Planer-Friedrich B, Merkel BJ (2008) Effect of sulfate, carbonate, and phosphate 
on the uranium(VI) sorption behavior onto bentonite. Radiochimica Acta 96:359-366 
Catalano JG, Brown GE (2005) Uranyl adsorption onto montmorillonite: Evaluation of 
binding sites and carbonate complexation. Geochimica Et Cosmochimica Acta 
69:2995-3005 
Cheng T, Barnett MO, Roden EE, Zhuang JL (2004) Effects of phosphate on uranium(VI) 
adsorption to goethite-coated sand. Environmental Science & Technology 38:6059-
6065 
Cheng T, Barnett MO, Roden EE, Zhunag JL (2007) Reactive transport of ura-nium(VI) and 
phosphate in a goethite-coated sand column: An experi-mental study. Chemosphere 
68:1218-1223 
Chisholm-Brause CJ, Berg JM, Matzner RA, Morris DE (2001) Uranium(VI) sorption 
complexes on montmorillonite as a function of solution chemistry. Journal of Colloid 
and Interface Science 233:38-49 
Hsi CKD, Langmuir D (1985) Adsorption of Uranyl onto Ferric Oxyhydroxides - Application 
of the Surface Complexation Site-Binding Model. Geochimica Et Cosmochimica Acta 
49:1931-1941 
Hyun SP, Cho YH, Hahn PS, Kim SJ (2001) Sorption mechanism of U(VI) on a reference 
montmorillonite: Binding to the internal and external surfaces. Journal of 
Radioanalytical and Nuclear Chemistry 250:55 
McKinley JP, Zachara JM, Smith SC, Turner GD (1995) The influence of uranyl hydrolysis 
and multiple site-binding reactions on adsorption of U(VI) to montmorillonite. Clays 
and Clay Minerals 43:586-598 
Meinrath G, Volke P, Helling C, Dudel EG, Merkel BJ (1999) Determination and 
interpretation of environmental water samples contaminated by uranium activities. 
Fresenius J. Anal. Chem 364:191 
Pabalan RT, Bertetti FP, Prikryl JD, Turner DR (1996) Uranium(VI) sorption onto selected 
mineral surfaces: Key geochemical parameters. Abstracts of Papers of the American 
Chemical Society 211:55-Geoc 
Payne TE, Davis JA, Waite TD (1996) Uranium adsorption on ferrihydrite - Effects of 
phosphate and humic acid. Radiochimica Acta 74:239-243 
 
 





Roth K, Jury WA, Fluhler H, Attinger W (1991) Transport of Chloride through an Unsaturated 
Field Soil. Water Resources Research 27:2533-2541 
Savvin SB (1961) Analytical use of arsenazo III: determination of thorium, zirconium, 
uranium and rare earth elements. . Talanta 5:673 
Schweich D, Sardin M (1981) Adsorption, Partition, Ion-Exchange and Chemical-Reaction in 
Batch Reactors or in Columns - a Review. Journal of Hydrology 50:1-33 
Tsunashima A, Brindley GW, Bastovanov M (1981) Adsorption of Uranium from Solutions 
by Montmorillonite - Compositions and Properties of Uranyl Montmorillonites. Clays 
and Clay Minerals 29:10-16 
Waite TD, Davis JA, Payne TE, Waychunas GA, Xu N (1994) Uranium(VI) adsorption to 

























The results of sub-chapter (4) are accepted for publication in 
special issues of highly ranked scientific Journals of the Elsevier 
Editors after presenting in the fourth meeting on ”Clays in Natural 
& Engineered Barriers for Radioactive Waste Confinement", 




















4 Sorption of Uranium(VI) at the Clay Mineral-Water Interface 
 
SAMER BACHMAF and BRODER J. MERKEL  
Department of Hydrogeology, Technische Universität Bergakademie Freiberg, Gustav-Zeuner 
Str.12, 09599 Freiberg, Germany 
 Corresponding author email: samerbachmaf@yahoo.de 
Tel.: +49-3731-392436 
fax: +49-3731-392720 
4.1 Abstract   
Batch experiments were conducted to study the sorption of uranium on selected clay minerals 
(KGa-1b and KGa-2 reference kaolinite, SWy-2 and STx-1b reference montmorillonite, and 
IBECO natural bentonite) as a function of pH  (4 to 9) and 0.001, 0.01, and 0.025 M NaCl in 
equilibrium with the CO2 partial pressure of the atmosphere. Uranium concentrations were 
kept below 100 µg/L to avoid precipitation of amorphous uranium-hydroxides. Solely PTFE 
containers and materials were used, because previous experiments showed significant sorption 
on glass ware at higher pH values. All batch experiments were performed over a period of 24 
hours, since kinetic experiments proved that the common 10 or 15 minutes are in many cases 
by far not sufficient to reach equilibrium. Kaolinite showed much greater uranium sorption 
than the other clay minerals due to more aluminol sites available. Sorption on the poorly 
crystallized KGa-2 was higher than on the well crystallized KGa-1b. Uranium sorption on 
STx-1b and IBECO exhibited parabolic behavior with a sorption maximum around pH 6.5. 
Sorption of uranium on montmorillonites showed a distinct dependency on sodium 
concentrations because of the effective competition between uranyl and sodium ions, whereas 
less significant differences in sorption were found for kaolinite. The presence of anatase as 
impurity in kaolinite enhanced the binding of uranyl-carbonate complexes with surface sites. 
The kinetic of uranium sorption behavior was primarily dependent on the clay minerals and 
 
 




pH. A multisite surface complexation model without assuming exchange is based on binding 
of the most dominant uranium species to aluminol and silanol edge sites of montmorillonite 
respectively to aluminol and titanol surface sites of kaolinite. For eight surface species the 
log_k values were determined from the experimental data by using the parameter estimation 
code PEST together with PHREEQC.  
Keywords Montmorillonite, Kaolinite, Uranium(VI), Sorption, Surface complexation model 
4.2  Introduction 
Uranium is of increasing environmental concern due to a grown awareness of its risk to soil 
and water. Elevated concentration of uranium can be related to uranium milling and mining 
sites (Morrison & Cahn 1991), nuclear fuel and nuclear weapons production sites (Riley et al. 
1992a), combustion of coal and oil in particular when no proper combustions gas cleaning 
systems are installed, and the application of phosphate fertilizers (Barisic et al. 1992, Zielinski 
et al. 2006).  
A provisional drinking water MCL for uranium of 15 µg/L has been established by the World 
Health Organization (WHO 2004). However, it is discussed worldwide that 10 or 5 µg/L 
would be more reasonable (Hickox & Denton 2001, Kurttio et al. 2002, BFR 2005, Raymond-
Whish et al. 2007). Geochemical processes occurring naturally, including 
dissolution/precipitation, redox reactions, and sorption/desorption reactions at the water-rock 
interface, control the mobility and transport of uranium in the subsurface system, such as 
aquifer sediments, soils, and groundwater.  
Sorption is an important removal mechanism that controls uranium concentration in 
groundwater (Prikryl et al. 1994). However, the dependence of sorption on aqueous solution 
properties (e.g., pH, Eh, total uranium concentration, ionic strength, and presence of 
 
 




complexing ligands) and characteristics of sorbing materials (e.g., mineral compositions, 
surface area, density of sorptive surface sites, solid/solution ratio) makes the prediction of 
uranium retardation difficult (Prikryl et al. 2001). The sorption of uranium in natural water, on 
geological material typically increases with increasing pH up to the neutral region, while in 
system equilibrated with air, a significant decrease of sorption above pH 7 due to a stable 
uranyl-carbonate complexation is observed (Payne 1999). 
Among common sorbing materials are clay minerals, which have a very high retention 
capacity due to (i) their large surface area as well as their osmotic swelling capacity and 
consequently their plasticity and impermeability, and (ii) the property of these minerals to 
simultaneously create a permanent negative charge within the structure and a variable positive 
charge at the particle edge. 
The negative surface charge is created due to extensive isomorphous substitution of cations in 









 in the octahedral sheet). Positive charge may occur due to edge 
defects (e.g., protonation of broken Al-OH bonds exposed at particle edges). 
On the other hand, kaolin minerals do not have extensive isomorphous substitution of metals 
in tetrahedral and octahedral sheets. Thus, edge defects are more important sources of positive 
charge than isomorphic substitution (Lin & Puls 2000). Hence, clay minerals can sorb cations 
and/or anions that neutralize the structure charge. 
Some of the most important clays are montmorillonite and kaolinite, both because of their 
prevalence in soil and ground water environments and because they have been recognized as 
fundamental for retarding the migration of many contaminates in soils, sediments, and rocks 
(Borovec 1981, Olguin et al. 1997, Hyun et al. 2001a, Payne et al. 2004, Catalano & Brown 
 
 




2005, Bachmaf et al. 2008). They are as well considered as a barrier material for radionuclide 
retention in nuclear waste repositories (Lajudie et al. 1995, Neall et al. 1995a). 
Sorption of uranium by clay minerals has been extensively documented in the literature. 
However, most of the previous sorption investigations have been performed at relatively high 
uranium concentration (>100 µg/L). Using the geochemical code PHREEQC (Parkhurst & 
Appelo 1999a) with the updated Nuclear Energy Agency thermodynamic database (NEA 
2007) (Grenthe et al. 2007), positive saturation indices were found for certain uranium 
minerals (e.g. Schoepite) when the total uranium concentration was higher than 100 µg/L in 
particular at pH above 5. Furthermore, X-ray characterizations for kaolinite treated with higher 
concentration of uranium showed evidence of uranium mineral precipitation on the surface of 
clays. Thus, it is likely that amorphous phases have been precipitated in studies using uranium 
concentrations above 100 µg/L. The practical relevance for conducting experiments at 
uranium concentration below 100 µg/L is that uranium occurs naturally in soils, rocks as well 
as in surface and groundwaters at very low concentrations (a few parts-per-billion), (Langmuir 
1997, Bernhard 2005).  
Monodentate and bidentate uranyl binding (as UO2
2+
 cation and various monomeric or 
polymeric hydrolyzed species) to permanent charged surface sites as well as to edge hydroxyl 
groups of clay minerals were considered to be important in sorption modeling approaches 
(Prikryl et al. 1994, Pabalan et al. 1996). Specific surface area, clay composition, and surface 
site density were evaluated in these models, and the corresponding equilibrium constants for 
various modes of binding were calculated. 
Different models have been employed to elucidate uranyl sorption onto clay minerals. Ion 
exchange modeling used by (Fletcher & Sposito 1989) was an early approach. A more recent 
and sophisticated approach is surface complexation modeling (Zachara & Mckinley 1993, 
 
 




McKinley et al. 1995, Pabalan et al. 1996, Turner et al. 1996, Kowal-Fouchard et al. 2004). 
Although previous researchers assumed that uranyl sorption by clay minerals at acidic to 
neutral pH values is dominated by ion exchange reactions, recent works e.g., (Chisholm-
Brause et al. 2001, Arda et al. 2006) have shown that the reactivity of metal-oxides like edge 
sites in clay minerals is responsible for uranium sorption over a wide range of pH and 
electrolyte concentration. The purpose of this investigation was to examine the sorption of 
uranium with five different types of clay minerals as a function of pH and varying NaCl 
concentrations. A modified multisite surface complexation model developed by (Zachara & 
Mckinley 1993) for montmorillonite, and that developed by (Payne et al. 2004) for kaolinite 
were applied to explain the mechanisms controlling the uranium sorption. 
4.3 Materials and methodology 
4.3.1  Clay minerals characterization 
Selected reference clay minerals, well crystallized kaolinite (KGa-1b), poorly crystallized 
kaolinite (KGa-2), Ca-montmorillonite (STx-1b), and Na-montmorillonite (SWy-2) were 
supplied from the Clay Minerals Society (CMS), Source Clays Repository (University of 
Purdue, West Lafayette). Morocco natural bentonite (IBECO) was obtained from the Federal 
Institute for Geosciences and Natural Resources (BGR) in Hannover (Germany). Powder X-
ray diffraction (XRD) analyses were used to characterize the mineralogical composition of the 
phyllosilicate clay minerals according to (Chipera & Bish 2001, Ufer et al. 2004). The results 
show that KGa-1b and KGa-2 contain predominantly titanium as a trace of anatase (Pruett & 
Webb 1993). Standard STx-1b and SWy-2 montmorillonite and natural bentonite are mainly 
composed of smectites (67%, 75%, and 80%, respectively) and small amounts of impurity 
phases such as quartz, feldspar, kaolinite, plagioclase, orthoclase, and opal. The chemical 
 
 




compositions of the five materials are summarized in (Table 4-1), which shows the presence 
of approximately 1.7% TiO2 in each of the Georgia kaolinite samples. Specific surface areas 
and cation exchange capacities of the clay sorbents are provided from the previous studies and 
given in (Table 4-1). Those authors determined the specific surface area by multi-point 
Brunauer- Emmett-Teller (BET) N2 sorption with a Quantisorb Jr. surface area analyzer 
(Quantachrome Corporation, Syosset, NY). The procedures performed to measure the cation 
exchange capacity are explained by (Borden & Giese 2001). The intention of this research was 
to use the source clay materials without any pretreatment to preserve their natural mineralogy.  
4.3.2  Uranium solutions and analytical procedures 
Uranium stock solutions of 100 µg/L (4.2×10
-7
 M) were prepared by dissolving uranyl nitrate 
hexahydrated UO2 (NO3)2.6H2O (Chemapol, Germany) in Milli-Q ultrapure water (18 
M /cm). All experiments were carried out in a matrix of sodium chloride (Merck, Darmstadt-
Germany) at constant values of 0.001, 0.01, and 0.025 M respectively. The pH of each test 
solution was adjusted to the required value with diluted NaOH or HCl solutions (Merck, 
Germany) by using a combined glass electrode (WTW GmbH, Germany). The determination 
of total uranium was carried out by differential pulse adsorptive cathodic stripping 
voltammetry using a hanging mercury drop electrode (HMDE) as working electrode (797 Va 
Computrace, Methrohm, Switzerland).  
The technique is based upon adsorptive accumulation of the metal ion complexed with the 
ligand chloranilic acid at the electrode surface and then scanning the potential on the working 
electrode in the negative direction. The detection limit of the voltammetry was determined to 
be 0.05 µg/L. All experiments and analytical determinations were performed in duplicates. 
The maximum experimental error was ±3 %.  
 
 




4.3.3 Experimental procedure 
All sorption batch experiments were carried out by reacting 1.5 g of the respective clay 
mineral with 900 mL of the 100 µg/L
 
 uranium(VI) solution with 0.001, 0.010, and 0.025 M 
NaCl in 1 L PTFE vessels under ambient atmosphere (Pco2 10
-3.5
 hPa). The pH was monitored 
in all experiments and adjusted when necessary with 0.1 M NaOH or 0.1 M HCl (Merck, 
Germany) using an automated titrator (794 Basic Titrino, program version 5.794.0010, 
Methrohm, Switzerland) in ―pH-stat‖ mode. For pre-equilibration, the suspension was 
continuously stirred using a magnetic stirrer (IAK®, Germany). For kinetic experiments 
samples were taken and centrifuged after 0.5, 1, 3, 6, 12, and 24 hours. For the majority of the 
batch experiments samples were taken after 24 hours and the solution was then separated from 
the solid by centrifugation (20 min, 8000 rpm, MLW Medizintechnik). The supernatants of all 
individual samples were filtered (0.2 µm cellulose acetate filters, Membrex, Germany) and 
immediately analyzed voltammetry for uranium and by ion chromatography (850 Professional IC, 
Methrohm, Switzerland) for Na+, Ca2+, and Mg2+. Total Fe and Si4+ were determined by 
photometry (Hach, USA). For XRD characterizations, the residual solids were dried in an oven at 
temperature below 45 C for one month and crushed with a mortar and pestle to pass a 40 µm 
sieve. The percentage of sorbed uranium was calculated from the difference between the initial 
and final uranium concentration by using the following equation (4.1): 





            (4.1) 
Where iC  and fC  are the uranium concentrations in the initial and final solutions respectively. 
Blank experiments carried out without a mineral sorbing phase indicated substantial uptake of 
uranium on glass container walls, particularly in the pH range from 4 to 9 and at low uranium 
concentration. Therefore, all tools used in the experiments (e.g., vessels, centrifugation tubes, 
 
 




magnetic stirrer) were made of PTFE, which exhibited no reaction with uranium solution 
(<1% uptake on container walls for all pH). Supplementary experiments were conducted to 
estimate the influence of filtration on results. The supernatants were analyzed for uranium 














Table 4-1. Properties of clay minerals (chemical composition in %, cation exchange capacity, and specific surface area) 
 
 











a 45.2 39.1 0.21 1.64 0.05 0.02 0.04 0.02 - - 13.8 3.0 13.1f 
KGa-2
b 43.49 38.14 1.15 1.91 0.04 0.03 0.06 0.02 0.32 13.3 1.73 3.7 21.7 f 
STx-1b
b 70.03 17.86 1.20 0.26 3.79 1.73 0.31 0.07 0.01 0.99 3.64 89 83.79g 
SWy-2
 b 61.46 22.05 4.37 0.09 2.94 1.18 1.47 0.02 - 0.61 5.15 85 22.7 f 
IBECO
c 53.2 21.2 2.0 0.2 2.1 1.3 1.95 0.95 0.041 - 16.63 112e 35h 
LOI: loss of ignition  
CEC: cation exchange capacity 
SSA: specific surface area 
a
 From (Pruett & Webb 1993), 
b
 From (Mermut & Cano 2001), 
c
 From  (Bachmaf et al. 2008), 
d
 From (Borden & Giese 2001), 
e
 
(Meier & Kahr 1999),  
f
 From (Dogan et al. 2006),
g
 From (Van Olphen & Fripiat 1997), 
h
 From (Kowal-Fouchard et al. 2004) 
 
.




4.4 Results and discussion 
4.5 Uranium aqueous speciation 
Uranium aqueous speciation were computed for the solution with a total uranium of 100  
µg/L in a background electrolyte of 0.01 M NaCl equilibrated with atmosphere (i.e., partial 
pressure of 10
-3.5
 hPa for Pco2). The distribution of aqueous uranyl species was calculated with 
the geochemical code PHREEQC-2 (Parkhurst & Appelo 1999a) with Nuclear Energy Agency 
(NEA 2007) thermodynamic database. Uranium speciations are presented in (Figure 4-1). Free 
uranyl ion UO2
2+
 is the dominant species in the acidic pH range up to 5. With increasing pH, 
uranyl ion becomes more hydrolyzed and forms hydrolyzed uranyl species such as UO2OH
+
. 
In the equilibrium with atmospheric levels of CO2, the most predominant aqueous uranium 









Figure 4-1. Uranium speciation in 0.01 M NaCl, U=100 µg/L, Pco2 =10
-3.5
 hPa, 25 C, 
calculated with the geochemical code PHREEQC using NEA_2007 database. 




4.5.1 Kinetic rates of sorption  
The aim of kinetic experiments was to examine the time required for uranium sorption 
equilibration. The results for sorption of uranium on clay minerals at constant pH of 4, 6 and 8 
are shown in Figure (4-2, 4-3, 4-4, and 4-5). The results for other pH were similar and are not 
shown here. Only the results for KGa-2 are presented, because the other kaolinite showed a 
very similar behavior. The general observation in these figures indicated that under neutral 
conditions both smectites and kaolinites exhibited a classic biphasic sorption of uranium 
which is characterized by an initial rapid uptake over the first 30 minutes followed by a slower 
increase in the uranium sorption over the reminder of the experiments. In contrast, under 
acidic and alkaline conditions, smectites demonstrated an initially fast uranium uptake 
followed by a slower decrease in the uranium sorption. The much faster sorption for SWy-2 
than other smectites is due to the high content of iron, which can rapidly interact with uranium 
forming inner-sphere complexes. The second slower step of sorption is due to interparticle and 
intraparticles diffusions in pores. At pH 6 and 8, the sorption curve of KGa-2 reaches a 
maximum after 30 minutes. Then, it appears stable over 24 hours, whereas five hours were 
required to reach the sorption equilibrium at pH 4. This tendency suggests the gradual 
saturation of the surface sites at increasing experimental time: at neutral conditions, uranium is 
more effectively bound and thus correspondingly retained more rapidly. Comparison between 
kinetic sorption data for all smectites observed at pH 8 reveals that sharp decrease in uranium 
sorption occurred after 30 minutes from the beginning of the sorption experiments. This can 
be explained by the formation of uranyl-carbonate complexes, which are weakly binding to the 
surface of smectites. Yet, this phenomenon was not seen for uranium sorption on kaolinites, 
which can be attributed to the presence of anatase as impurity phase. The results clearly show 
that data taken from routinely done titration experiments with only 10 or 15 minutes 




equilibrium time might be biased. However, even 24 h was observed as under estimating time 
for equilibrium in all cases as well.  
 
 
Figure 4-2. Kinetic sorption of uranium(VI) onto kaolinite (KGa-2). 
Sorption experimental conditions: U0=100 µg/L, I = 0.01 M, suspension density = 1.66 g/L, 
Pco2 =10
-3.5
 bar, 25 C, reaction time = 24 h, at pH 4 (open square), pH 6 (open circle), and pH 























Figure 4-3. Kinetic sorption of uranium(VI) onto montmorillonite (STx-1b). 
Sorption experimental conditions: U0=100 µg/L, I = 0.01 M, suspension density = 1.66 g/L, 
Pco2 =10
-3.5
 bar, 25 C, reaction time = 24 h, at pH 4 (open square), pH 6 (open circle), and pH 





















Figure 4-4. Kinetic sorption of uranium(VI) onto montmorillonite (SWy-2). 
Sorption experimental conditions: U0=100 µg/L, I = 0.01 M, suspension density = 1.66 g/L, 
Pco2 =10
-3.5
 bar, 25 C, reaction time = 24 h, at pH 4 (open square), pH 6 (open circle), and pH 

















Figure 4-5. Kinetic sorption of uranium(VI) onto natural bentonite (IBECO). 
Sorption experimental conditions: U0=100 µg/L, I = 0.01 M, suspension density = 1.66 g/L, 
Pco2 =10
-3.5
 bar, 25 C, reaction time = 24 h, at pH 4 (open square), pH 6 (open circle), and pH 
8 (open triangle). 
4.5.2 Effect of pH and Na+ concentration on U(VI) sorption 
The effect of pH and Na
+
 concentration on the uranium sorption behavior onto the selected 
clay minerals is illustrated in Figures (4-6, 4-7, 4-8, 4-9, 4-10). General similarities between 
the two kaolinites (KGa1b and KGa-2) include lower uranium sorption at pH 4 and much 
greater uranium uptake than other three clay minerals in the pH range 5 to 9. Minor ionic 
strength dependency was exhibited for kaolinites at pH above 6. Conversely, the sorption of 
uranyl by smectites (IBECO bentonite, Na-montmorillonite, and Ca-montmorillonite) varied 
with pH and ionic strength. Sorption was most dependent on ionic strength at low pH. The 
high sorption capability of SWy-2 observed at pH 4 is resulted either from the high Na
+
 
content in its structure. This can suppress the competition between uranyl ions and Na
+
 




electrolyte and allow more uranium species to bind to the surface sites of SWy-2, or due to the 
high iron content in the structure which has greater affinity toward uranium. By comparison, 
competitive effect of sodium electrolyte with uranium species can minimize the sorption of 
uranium onto STx-1b and IBECO bentonite at pH 4. This assumption is supported by (Suter 
et al. 2008), who demonstrated that sodium can form an inner sphere complex on the surface 
of smectites. However, for the pH range from 5 to pH 9, differences between uranium sorption 
on all clay minerals due to variations in ionic strength were typically less than 15%. These 
observations do agree well with those reported by (Hayes et al. 1988, McBride et al. 1991). 
They found that ions that form outer-sphere surface complexes exhibit reducing sorption with 
increasing solution ionic strength, while ions that form inner-sphere surface complexes 
demonstrate minor ionic strength dependence or show increasing sorption with increasing 
solution ionic strength. Relating to the ionic strength dependency, there are general similarities 
between our results and those reported by (Manning & Goldberg 1997) who found an increase 
of As(III) sorption on KGa-1b and SWy-1 with decreasing sodium chloride concentration at 
low pH, and increasing arsenic sorption with increasing sodium concentration at high pH. 
Indeed, kaolinic minerals such as KGa-1b and KGa-2 have Si/Al ratios of 1, whereas 
smectites such as IBECO bentonite, SWy-2 and STx-1b have Si/Al ratios of 2. Based on the 
greater activity of aluminol sites toward uranium than silanol sites (Borovec 1981, Kohler et 
al. 1992), which are major surface components of phyllosilicates, it would be expected that 
kaolinites, that contain exposed sheets of Al octahedral, would result in greater uranium 
uptake by kaolinic minerals than smectites. 
In the pH range 6 to 9, aqueous uranium species are present as uranyl carbonate, and uranyl 
carbonate hydroxide (Figure 4-1). In addition, maximum sorption of carbonate was attained at 
pH 5.5 (Zachara et al. 1987). Hence, the distinct reduced uranium sorption on smectites at 




higher pH is related either to the low affinity of uranium carbonate complexes to the surface 
sites of clay minerals or to competition between carbonate ions and uranium species. On 
contrary, no decrease in uranium sorption on kaolinite (KGa-1b and KGa-2) was observed 
when uranyl-carbonate complexes are predominant in the solution. This behavior could 
suggest that uranyl-carbonate species have high affinity toward anatase present as impurity 
phase in kaolinites. 
 
 
Figure 4-6. Comparison between the measured and modeled data for uranium(VI) sorption on 
kaolinite (KGa-1b). Experimental conditions: U0=100 µg/L, suspension density = 1.66 g/L, 
Pco2 =10
-3.5
 hPa, 25 C, I = 0.001, 0.01, and 0.025 M, reaction time = 24 h. Open square, open 
circles and open triangle represent measured data for 1 mM, 10 mM and 25 mM NaCl, 
respectively. Solid lines, dash lines and dot lines represent modeled data for 1mM, 10 mM and 
25 mM NaCl, respectively. 
 
 









Figure 4-7. Comparison between the measured and modeled data for uranium(VI) sorption on 
kaolinite (KGa-2). Experimental conditions: U0=100 µg/L, suspension density = 1.66 g/L, 
Pco2 =10
-3.5
 hPa, 25 C, I = 0.001, 0.01, and 0.025 M, reaction time = 24 h. Open square, open 
circles and open triangle represent measured data for 1 mM, 10 mM and 25 mM NaCl, 
respectively. Solid lines, dash lines and dot lines represent modeled data for 1 mM, 10 mM 

















Figure 4-8. Comparison between the measured and modeled data for uranium(VI) sorption on 
montmorillonite (STx-1b). Experimental conditions: U0=100 µg/L, suspension density = 
1.66 g/L, Pco2 =10
-3.5
 hPa, 25 C, I = 0.001, 0.01, and 0.025 M, reaction time = 24 h. Open 
square, open circles and open triangle represent measured data for 1 mM, 10 mM and 25 mM 
NaCl, respectively. Solid lines, dash lines and dot lines represent modeled data for 1 mM, 10 

















Figure 4-9. Comparison between the measured and modeled data for uranium(VI) sorption on 
montmorillonite (SWy-2). Experimental conditions: U0=100 µg/L, suspension density = 1.66 
g/L, Pco2 =10
-3.5
 hPa, 25 C, I = 0.001, 0.01, and 0.025 M, reaction time = 24 h. Open square, 
open circles and open triangle represent measured data for 1 mM, 10 mM and 25 mM NaCl, 
respectively. Solid lines, dash lines and dot lines represent modeled data for 1 mM, 10 mM 

















Figure 4-10. Comparison between the measured and modeled data for uranium(VI) sorption 
on natural bentonite (IBECO). Experimental conditions: U0=100 µg/L, suspension density = 
1.66 g/L, Pco2 =10
-3.5
 hPa, 25 C, I = 0.001, 0.01, and 0.025 M, reaction time = 24 h. Open 
square, open circles and open triangle represent measured data for 1 mM, 10 mM and 25 mM 
NaCl, respectively. Solid lines, dash lines and dot lines represent modeled data for 1 mM, 10 
mM and 25 mM NaCl, respectively. 
4.5.3 Surface complexation modeling 
A multisite layer surface complexation model was developed by (Zachara & Mckinley 1993) 
to describe uranium sorption data by smectites. Their model is composed of pH independend 
exchange (X
-
) sites and hydroxylated edge sites for SiOH and AlOH. They assumed that at 
low pH and low Na
+ 
concentration, adsorption by fixed-charge site is predominant, while at 




high pH and high Na
+ 
concentration, the binding to the AlOH and SiOH edge sites caused the 
sorption. On contrary to Zachara and Mckinley, we suppose that sorption of uranium on the 
selected smectites preferentially occur to the edge sites of aluminol and silanol, even under 
acidic conditions. Our assumption is supported by the recent spectroscopy study of (Chisholm-
Brause et al. 2001), who confirmed that reactivity of metal-oxide like edge sites in clay 
minerals are highly responsible for uranium sorption over a wide range of pH and electrolyte 
concentration. This assumption is also based on the relatively high Na
+
 electrolyte 
concentration (0.01 and 0.025 M or 229000 and 572500 µg/L, respectively) in comparison to 
very low uranium concentration (100 µg/L) in the solution. This can prevent the exchange 
between uranyl ions and cations present in the basal plane of smectites. Furthermore, our 
suggestions are supported by the results of X-ray characterizations, which exhibited 
indistinguishable patterns for the clay minerals before and after uranium treatment. 







 cations were released from each clay mineral at all pH values (data not 
shown). A comparison between pH for samples collected at the beginning and at the end of 
sorption experiments showed a slight variation (<0.5 unit) indicating only insignificant cation 
exchange reactions.  
Earlier modeling attempts for uranium sorption onto kaolinite have involved various 
assumptions. The attempt of  (Kohler et al. 1992) postulated that actinide binding on kaolinite 
only occupies the edge surface sites, which were modeled as aluminol sites. Their hypothesis 
was based on the results of parallel experiments with gibbsite containing only AlOH sites and 
quartz (only SiOH sites). This experiment yielded that sorption on quartz was much weaker. 
The work of (Borovec 1981) also demonstrated very little affinity of U for Si-oxide surfaces. 




The supposition of (Turner & Sassman 1996) exhibited that reactive kaolinite surface 
comprised stoichiometric proportion of silanol (SiOH) and aluminol (AlOH).  
In our model, uranium sorption onto Georgia kaolinites is based on sorption on both titanol 
(TiOH) and aluminol (AlOH) sites. The approach was adapted from (Payne et al. 2004). Their 
assumptions were established upon the transmission electron microscopy equipped with 
energy dispersive X-ray spectroscopy (TEM/EDS) analyses and the main finding that uranium 
was preferentially bound to anatase present as impurity phase in kaolinite. 
The equilibrium constants for acid-base surface reactions of aluminol (eqs 1 and 2 in Table 4-
2) are taken from  (Zachara & Mckinley 1993), while the constants for acid-base surface 
reactions of silanol (eqs 6 and 7 in Table 4-2) were derived from (Mckinley et al. 1993). The 
non-linear least squares parameter estimation program PEST 11.8 (Doherty 2004) in 
conjunction with PHREEQC 2.16 (Parkhurst & Appelo 1999a) was used to determine the 
equilibrium constants for the other surface reactions in (Table 4-2). PEST has the advantage 
over FITEQL (Herbelin & Westall 1999) that activity coefficients can be calculated according 
to either extended Wateq Debye-Hückel or a SIT (specific ion interaction theory) and provides 
users with statistical information on the  uncertainty of the estimate. Sodium sorption was also 
incorporated into the model (eqs 4, 11, 16, and 22 in Table 4-2) since sodium was proven to 
sorb onto clay minerals (Suter et al. 2008) and was used by several authors (Zachara & 
Mckinley 1993, Turner et al. 1996) to model uranium sorption under a broad range of ionic 
strength. Results of the batch experiments and the multisite surface complexation model are 
plotted in Figures (4-6, 4-7, 4-8, 4-9, 4-10). 
The agreement between the modeled-calculated and experimentally measured values was 
quantified by the root mean square error (RMSE), equation (4.2): 













               (4.2) 
Where nd is the number of data points, np is the number of adjustable parameters, i is an index, 
mRe%  is the percentage of uranium measured removal, m̂Re%  is the percentage of uranium 
predicted removal. The RMSE is an estimate of the standard deviation between the predicted 
and the measured values expressed in dimensionless form, where lower values of RMSE 


























 data were calculated with PEST and PHREEQC 
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  KGa-1b KGa-2 SWy-2 STx-1b IBECO 




SiOH   99.85 99.9 99.9 
AlOH 0.719 0.7 92.12 92.135 92.14 
TiOH 0.65 0.641    
Edg_alOH: aluminol surface at edge sites, Edg_siOH: silanol surface at edge sites, S_alOH: aluminol 
site surface, S_tiOH:  titanol site surface,
a
 From (Zachara & Mckinley 1993), b From (Mckinley et al. 
1993). 




The modeled data presented in Figures (4-6, 4-7, 4-8, 4-9, 4-10) indicate that the model 
predicts the major trends of sorption of uranium with respect to pH and NaCl concentrations 
for the five clay minerals, and in particular for Gerorgia kaolinites and STx-1b 
montmorillonite. On contrary, an over predication of sorption can be stated on SWy-2 and 
IBECO for a pH range 5 to 7. The overestimation is probably either due to the presence of 
impurities phases such as quartz, feldspar, plagioclase, and orthoclase, or because of 
appreciable iron content, which have not been taken into account in our approach so far. The 
root mean square error (RMSE) obtained was 2.8, 2.3, 3.4, 12.1, and 12.1 for KGa-1b, KGa-
2, STx-1b, SWy-2, and IBECO, respectively. 
All fitted constants are automatically corrected to zero ionic strength with respect to either ion 
dissociation theory (e.g. Davies or Wateq-Debey-Hückel equation) or SIT.  
4.6 Conclusions 
Experimental and modeled data derived in this study indicate that sorption experiments must 
be performed at low uranium concentration to avoid precipitation of amorphous uranium-
hydroxides. Furthermore, PTFE containers are found to be appropriate materials comparing 
with glass ware which appeared significant uranium sorption at higher pH.  
Kinetic experiments clearly showed that the common 10 or 15 minutes are in many cases by 
far not sufficient to reach sorption equilibrium, therefore, a period of 24 hours was selected as 
contact time to conduct the sorption experiments. 
Although smectite has higher cation exchange capacity than kaolinite, both kaolinite minerals 
showed much greater uranium sorption than smectites in the pH range (5 to 9). This can be 
considering as an obvious evidence that surface complexation was the dominant mechanism 
for uranium sorption under our experimental conditions. The high uranium sorption capability 




for kaolinite is because it contains more exposed aluminol surface sites, which have greater 
activity toward uranium than silanol sites. 
Uptake of uranium on montmorillonites demonstrated a distinct dependency on sodium 
concentrations because of the effective competition between uranyl and sodium ions, whereas 
less significant differences in sorption were found for kaolinite. The presence of anatase as 
impurity in kaolinite enhanced the binding of uranyl-carbonate complexes with surface sites, 
therefore, TiOH sites must be incorporated into the model for kaolinite. 
A sufficient matching between the experimental results and the modeled data was obtained by 
using a multisite surface complexation model without assuming exchange. This model is 
based on binding of the most dominant uranium species to aluminol and silanol edge sites of 
montmorillonite respectively to aluminol and titanol surface sites of kaolinite. The parameter 
estimation code PEST together with PHREEQC is an extremely powerful tool to estimate the 
equilibrium constants estimated in this work. The good agreement between measured and 
predicted data implies that conceptual models based on SCM approach, such as one the 
developed here, could be useful in extrapolating radionuclide sorption behavior over a range 
of geochemical conditions based on model parameters derived from a limited set of 
laboratorial data.  
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4.9 Column experiments setup 
Column experiments were conducted at room temperature (~295 K) using a total of five PTFE 
columns of 4 cm inner diameter, 20 cm height, with 0.2 µm Teflon filters at both ends of the 
column to hold the porous media in place. A total mass of four grams of dry clay minerals was 
mixed well with  Teflon beads (grain size: 0.29-0.35 mm) and dry packed to a uniform bulk 
density of 1.6 g/cm
3
, with an effective porosity of 0.3. The selected clay minerals packed in 
the columns 1 to 5 were IBECO natural bentonite, STx-1b reference montmorillonite, SWy-2 
reference montmorillonite, KGa-1b kaolinite, and KGa-2 kaolinite, respectively. All tools 
used in column experiments (tubes, collecting bottles, mixed materials, columns and so on) are 
made of PTFE to avoid any reaction with uranium, which appeared particularly at low 
concentrations and high pH values. Short tubes with small inner diameter were used to 
connect the column system to minimize the dead volume. The solutions were pumped from 
bottom to top at a flow rate of 80 µL/min over sorption and desorption periods using a high 
precision peristaltic pump with planetary drive ISMATEC IPC 24 canals (Ismatec SA, 
Switzerland).  
In each column experiment, the column was pre-conditioned with 0.01 M NaCl solution for at 
least 12h, after which a pulse input of reactant solution was introduced into the column until 
the breakthrough curves were achieved (after ~ 175, 215, 260, 300, 310 pore volume in 
columns 1 to 5, respectively). After reaching the breakthrough period, the inlet solution was 
switched back to a U(VI) free, 0.01 M NaCl solution in order to investigate the desorption. 
During the first two weeks of both sorption and desorption experiments daily samples from the 





were immediately filtered with 0.2 µm cellulose acetate filters (Membrex, Germany) and 
analyzed for U(VI), and pH until the uranium concentrations were ~1% of their concentration 
in the initial input solutions. All reactant solutions had U(VI) concentration of 100 µg/L and 
0.01 M NaCl, and were adjusted at pH 6.5. The effluent pH of the columns was fairly constant 
and close to that of the influent. 
To test whether some loss of U(VI) onto Teflon beads and the experimental apparatus used 
occurred, one separate control column (column filled only with cleaned Teflon beads) was 
performed. In that case one day was enough to achieve the breakthrough in the blank column 
indicating negligible U(VI) retardation in the system itself. 
4.9.1 Mass balance calculations 
In order to examine the fate of uranium(VI) in the column experiments, it is important to 
account for the amount adsorbed and what is passing through the columns. Any U(VI) not 
accounted for could be attributed to removal processes. The mass balance both during loading 
and eluting the columns was calculated using this equation (4.3): 
M = tvC                   (4.3) 
Where M is the total mass of U(VI), C is the change of U(VI) concentration between inlet 
and outlet, and is the flow rate and t is the corresponding time interval. 
4.10 Results and discussions  
Flow-through column experiments were evaluated regarding uranium transport behavior and 
U(VI) sorption/desorption on selected clay minerals. 
The influence of the type of packed material on the U(VI) breakthrough is illustrated in 





(columns IV, and V) than smectite packed columns (columns I, II, and III); U(VI) 
breakthrough was reached after 70, 86, 104, 120, 124 days in columns packed with IBECO, 
STx-1b, SWy-2, KGa-1b, and KGa-2, respectively. This can be explained by the fact that 
kaolinite contains more exposed aluminol surface sites, which have greater activity toward 
uranium than silanol sites. Furthermore, columns packed with high-defect kaolinite 
demonstrated slightly greater U(VI) retardation than column packed with low-defect kaolinite. 
This phenomenon supports our assumption that most of uranium was adsorbed onto the 
aluminol sites which is more exposed in the poorly crystallized than the well crystallized 
kaolinite.  
Column experiments can illustrate a phenomenon which cannot be observed in the batch 
experiments, e.g., desorption. In general, columns packed with STx-1b and SWy-2 exhibited 
irreversible sorption, whereas columns packed with KGa-1b and KGa-2 demonstrated slow, 
but complete desorption. 
The irreversible sorption of U(VI) observed in smectite-packed columns can be attributed to a 
high content of iron oxide in the structure (e.g, 4.3% for SWy-2), which has a pronounced 
sorption affinity to uranium (Lenoble et al. 2002, Wazne et al. 2003), compared to those in the 
kaolinite structure (e.g., 0.2% for KGa-1b, see Table 4-3). In addition, the presence of the 
basal plane in (2:1) clay minerals can obviously delay the U(VI) desorption, hence, a slow 
diffusion of uranium ion from a surface into the interlayer, where stable complexes might be 
formed, would delay uranium extraction. The mineral composition and the degree of 






Figure 4-11. Experimental breakthrough and desorption curves (BTCs) of U(VI) flushed into 
the IBECO bentonite, STx-1b montmorillonite, SWy-2 montmorillonite, KGa1b kaolinite, 
and KGa-2 kaolinite. U0=100 µg/L, 0.01 M NaCl, pH 6.5. 
 
Quantitative U(VI) recovery rates were obtained from the calculation of mass balance in all 
columns. U(VI) was totally recovered from kaolinite (although slowly), whereas 53 µg and 93 
µg of U(VI) remained in STx-1b and SWy-2 at the end of the experiments, which is a clear 
indication for irreversible adsorption (Table 4-3). Incomplete desorption of U(VI) has been 
reported in some recent works, in both batch experiments (Dong et al. 2005) and column 
experiments (Qafoku et al. 2005, Cheng et al. 2007a).  
On contrary, it is noticeable that the amount of U(VI) desorbed from IBECO was significantly 
higher than that sorbed before. This can be attributed to the amount of uranium released from 





Hence, the U(VI) sorption behavior reported in batch experiments was confirmed in the 
column experiments, except for bentonite showing a slight release of U(VI) from its structure. 
Table 4-3. Mass balance for sorbed and desorbed uranium in the five setups 
 Total U in µg/L 
Columns packed with   sorbed desorbed 
IBECO  474 542 
STx-1b 566 513 
SWy-2 724 631 
KGa1b 877 877 
KGa-2 939 928 
4.11 Summary 
In transport experiments, U(VI) was also significantly retarded due to adsorptive interaction 
with the porous media requiring hundreds of pore volumes to achieve breakthrough. 
Concerning the U(VI) desorption, columns packed with STx-1b and SWy-2 exhibited 
irreversible sorption, whereas columns packed with KGa-1b and KGa-2 demonstrated slow, 
but complete desorption. 
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5.1 Abstract  
This note presents a method for estimating sorption constants from experimental data using 
the two computer programs PEST and PHREEQC. As geochemical case, U(VI) sorption onto 
STx-1b montmorillonite as a function of pH (4 to 9) and Na
+
 concentration (0.001, 0.01, and 
0.025 M NaCl) was investigated by conducting batch experiments for 24 hour under ambient 
atmosphere (PCO2=10
-3.5
 bar). Advantages of this technique involve: (i) estimation of 
uncertainties associated with estimated parameters, (ii) evaluation of information content of 
observations, (iii) statistical evaluation of the appropriateness of the conceptual model, and 
(iv) any number of parameters can be optimized (less, or equal to the number of observations). 
5.2 Introduction  
Chemical equilibrium constants can be calculated from laboratory data using different 
techniques, e.g., with graphical methods, by curve fitting, or with an optimization code such as 
FITEQL 4.0 (Herbelin & Westall 1999). These approaches, however, have certain drawbacks; 
for instance, comparison of different conceptual models is laborious and ultimately subjective 
and the uncertainties associated with the estimated parameters are difficult to quantify. In 





et al. 2005) have the advantage that any number of parameters can be optimized (less, or equal 
to the number of observations) by using any numerical code in inverse mode. The only 
prerequisite for the numerical model is that it has the option to write calculated data in ASCII 
format. Using PEST or UCODE is very common with groundwater flow and transport 
modeling, but this approach can be employed as well for geochemical codes such as 
PHREEQC (Parkhurst & Appelo 1999a), MINTEQA2 (Allison et al. 1991), and Geochemist's 
Workbench (Bethke 1996).  
Only few attempts have been made so far by using PHREEQC and PEST. A modified version 
of PHREEQC was used by (Appelo et al. 1999) to estimate surface complexation constants. 
Similar approaches were used by the same author (Appelo & Postma 1999, Appelo et al. 2002, 
Appelo & Postma 2005). An example how to use PEST with PHREEQC to estimate surface 
complexation constants can be downloaded from 
http://www.xs4all.nl/~appt/a&p/11/pest_lg.exe. However, this example is related to an old 
version of PEST. PHREEQC and PEST have been utilized as well to estimate cation exchange 
selectivity constants (Tournassat et al. 2009). Finally, the 1d transport option of PHREEQC 
was used for a reactive transport model of a landfill leachate plume using PEST to estimate 
concentrations of groundwater, kinetic rate constants for siderite and calcite precipitation, 
oxidation rates of DOC, cation exchange capacity, and total transport time (Van Breukelen et 
al. 2004). A similar complex 1d reactive transport model in the unsaturated was calibrated 
inversely with respect to mineral solubility, pCO2, cation exchange coefficients and sorption 
parameters for Ni and Cd by using PEST and PHREEQC (Kerstin & Bernard 2005). 
However, the above mentioned publications do not explain how PEST and PHREEQC works 
together. Therefore this note was written to describe how PEST (version 11.8) exchanges data 





constants for surface interactions between uranium(VI) species and surface sites of 
montmorillonite. Both PHREEQC (Windows Batch version) and PEST can be downloaded 
from http://wwwbrr.cr.usgs.gov/projects/GWC_coupled/phreeqc/ 
 and http://www.sspa.com/pest/downloads.shtml, respectively. The goal of this note is to 
describe the method with sufficient details so that the reader can duplicate the procedure and 
adopt it for own problems. For further work a thorough reading of the PEST manual is 
recommended.  
On the other hand, FITEQL 4.0 is a program to determine chemical equilibrium constants and 
in particular surface complexation constants from experimental data (titration experiments) 
according to the Diffuse Layer model, the Stern model, and the Triple Layer model. However, 
FITEQL 4.0 is not well suited for the requirements of the CD-MUSIC model of (Hiemstra & 
Van Riemsdijk 1996). Thus, the example given in this note dealing with a multisite surface 
complexation model can not be treated by FITEQL 4.0. This would, however, be possible by 
using a modified version of FITEQL which is available as download from 
http://www.lwr.kth.se/forskningsprojekt/MoW/fiteql.htm. 
Another disadvantage of FITEQL is that the ionic strength correction is made in any case by 
using the DAVIES equation (the only option is to skip the ionic strength correction and thus 
calculate conditional constants) and an activity/ionic strength dummy component, while 
PHREEQC is based on a complete water analysis and offers more choices including PITZER 
equation because the usage of a certain model in PHREEQC is controlled by the 
thermodynamic data set used. Finally, PEST delivers in contrast to FITEQL statistical 
information e.g., the sensivity of observations and parameters while FITEQL uses the 





goodness of the fit. But, it is beyond the scope of this note to compare the goodness of fit of 
PEST and FITEQL 4.0.  
5.3 Geochemical case study 
The expandable 2:1 clay mineral (montmorillonite) has been extensively used for removal of 
uranium(VI) from ground- and surface water (McKinley et al. 1995, Olguin et al. 1997, 
Chisholm-Brause et al. 2001, Bachmaf et al. 2008). We have previously examined the U(VI) 
sorption behavior onto STx-1b montmorillonite as a function of pH (4 to 9) and ionic strength 
(0.001, 0.01, and 0.025 M NaCl) by conducting batch experiments for 24 hour under ambient 
atmosphere (PCO2 =10
-3.5
 bar). After that the solution was separated from the solids by 
centrifugation and filtration and immediately analyzed for U(VI) concentration by inverse 
voltammetry or ICP-MS. Sorption of U(VI) species on montmorillonite was modeled by 
means of a multisite surface complexation model. In the following we are using a subset of 
our experimental data to describe how the non-linear optimization program PEST in 
combination with PHREEQC can estimate the intrinsic sorption constants.  
5.4 Procedure 
PHREEQC and PEST are executed stepwise in details in the following section, and all 
required files are included in the appendices. 
5.4.1 Installation of PEST and PHREEQC 
First, the user has to create a new directory (e.g., C:\PEST), download PEST and unzip 
pest.zip to that directory. Second, the PEST directory has to be added to the PATH 
environmental variable (autoexec.bat) for old Windows versions. The equivalent of 





Using Windows 2000, XP, Vista, and Windows 7 the system environment variable has to be 
changed via My Computer / Properties Advanced  / Environment Variables / Edit. Add the 
PEST path (e.g. c:/pest) separated with a semicolon.  
Third, download the PHREEQC (Batchversion for Windows) and install the software. During 
the installation you may change the default folder (e.g. C:/PHREEQC) and you will be asked 
if you like to modify the PATH environment variable so that PHREEQC can be operated from 
any directory. Here you have to check the ―yes‖ button. If you use the default folder you have 
to change the path of thermodynamic database (LLNL.dat) in the pst.file (see Appendix 2) 
Finally create a work-file for your test case (e.g. C:/CASE). This folder has to contain the four 
PEST input files, which will be explained in the following section. 
5.4.1.1 Create a PHREEQC model 
For convenience it is likely that one will create the PHREEQC input files by using the 
PHREEQC for Windows of the PHREEQCI Graphical User Interface. Surfaces species are 
site-specific and have to be defined by the user. However, PHREEQC databases offer an 
example for iron hydroxides according to data from (Dzombak & Moral 1990) which may be 
taken as an example. In our case, the edge surface sites of aluminol (Edg_al) and silanol 
(Edg_si) were defined as surface species within the SURFACE_MASTER_SPECIES data 
block in the PHREEQC input file. The surface site density and the surface area are defined 
under SURFACE block. The interactions between the U(VI) species and the available surfaces 
are defined in the SURFACE_SPECIES data block. Each interaction is associated with an 
equilibrium constant (log_k) that is either known or will be estimated by PEST. In order to test 
the PHREEQC input file in a stand-alone run any log_k values can be used at this stage. To 
facilitate the extraction of simulated data with PEST the percentage of U(VI) sorption is 





5.4.2 Create the four PEST input files 
To run PEST 11.8 with PHREEQC, four files are needed:  
1.  a  template file (filename.tpl) 
2.  a PEST control file (filename.pst) 
3. an instruction file (filename.ins) 
4.  a batch file to run PEST and PHREEQC (filename.bat) in the DOS environment.  
Example files with the name ―case‖ are given in the electronic appendix. All PEST input files 
can be written using a general purpose text editor following the specifications given in this 
section and the PEST manual.  
Template File (×.tpl) 
The template file is a modified PHREEQC input file into which PEST inserts trial values of 
the parameters to be estimated (eight parameters in our example); the template file differs 
from the PHREEQC input file only by: 
 the extension: tpl instead of phrq 
 by adding a first line: ptf @ (some other signs instead of @ are possible as well) 
 replacing those values for parameters (e.g. log_k) to be estimated by PEST  
through @KN                            @    (N is a index for K: 1,2,3 ….) 
After a successful run, PEST removes the first line and insert the estimated parameters in 
between the markers @   @ and write a standard PHREEQC input file; in the example 
template file (appendix 1), the log_k @k1   @, to the log_k @k8   @ will be replaced after 
running with log_k 7, log_k -6, log_k -0.1, log_k -6, log_k 5, log_k 6.7, log_k -5.6, and log_k 
-0.1, which represent the optimized sorption constants. The number of spaces between the @ 






PEST Control File (×.pst) 
The PEST control file controls the iteration process; it tells PEST which model(s) to execute, 
what parameter(s) to optimize, how to extract PHREEQC-simulated values, and what 
observations to compare them to. Lines beginning with # are comments and can be added, but, 
the # sign must not be used as trailer of a normal line, since this will end with an error from 
the parser, (this was possible with older PEST versions only). In our example, we have three 
observation groups for three Na
+
 concentrations (0.001, 0.01, and 0.025 M NaCl). Other 
explanations for the control file are given in Appendix 2. Since the sorption experiments were 
performed for three ionic strengths, three groups of data have to be used. Note that for high 
optimization efficiency, one has to choose an initial parameter value which is close to what 
one thinks will be the parameter‘s optimized value. The initial parameter value must lie 
between the lower and upper bounds.  
Instruction File (×.ins) 
The instruction file (Appendix 3) informs PEST which values have to be extracted from the 
PHREEQC-selected output file, which are defined in the PHREEQC input file. Every 
observation for which data are supplied in the PEST control file must be listed in the 
instruction file. Conversely, every observation listed in the PEST instruction file has to be one 
line of data in the ―observation data‖ section of the PEST control file.  
Batch File (×.bat) 
Finally the batch file (Appendix 4) runs PEST and tells PEST the common name of the four 
PEST files. The statements @echo on and pause are not mandatory but useful in case errors 
occur.  
It is recommended to run the PHREEQC input file stand alone first to check for correctness as 





each SOLUTION statement and not only the USE SOLUTION statement. One can take care 
for this by the first two signs in the instruction files: l1 means read line 1; l2 means read line 2 
(the second line) and thus skip one line (see Appendix 3). Note that PEST instruction file must 
not contain any comment lines. 
5.4.3 Checking PEST’s input data 
Before running PEST for a parameter estimation one should check for syntactical correctness 
and consistency using the utility programs PESTCHECK.exe and TEMPCHECK.exe. 
5.4.4 Running PEST and PHREEQC 
Once the PEST input files are created and checked for correctness, PEST and PHREEQC can 
be run via the batch file (case.bat, Appendix 4). 
New files will be created in the data folder with the extension ×.REC, ×.RES, ×.MTT, ×.SEN, 
×SEO (Appendix 5). The output file ×.REC contains all information of the run, while ×.MTT 
provides statistic informations (covariance matrix, correlation coefficient matrix, normalized 
Eigenvectors, and Eigenvalues). The file ×.RES provides measured and modeled data and the 
residuals. The files ×.SEN and ×.SEO contain parameter and observation sensitivity which are 
calculated from the Jacobian matrix (for details see PEST manual). Because parameters with 
low sensitivity are likely to cause problems during a parameter estimation run the sensitivity 
files are useful to eventually skip those critical parameters from further runs. 
After a run is completed it is recommended to compare the PHREEQC values (selected 
PHREEQC output file) with the values that PEST extracts (main PEST output file). If the 
values are different, it is obvious that errors exist in the PEST input files. Measured and 






Figure 5-1. Model prediction of U(VI) adsorption on montmorillonite (STx-1b), using surface 
complexation model (SCM). Experimental conditions: U=100 µg/L, suspension density = 
1.66 g/L, PCO2 =10
-3.5
 bar, 25 C, I = 0.001, 0.01, and 0.025 M, reaction time = 24 h. The lines 
present the sum of individual U(VI) surface species, whereas scatters present the measured 
data. 
5.5 Conclusion  
In comparison to FITEQL 4.0 which is mainly focused on estimating sorption constants, the 
combination of PEST and PHREEQC is an extremely powerful tool to estimate any 
thermodynamic and kinetic parameters such as equilibrium constants for surface reactions, 
complex stability constants, solubility products of minerals, cation exchange capacity, and 
decay rates from experimental data. Simultaneously, as well hydraulic parameters like 





model. A major advantage of combining PHREEQC with PEST (or UCODE) is the option to 
determine the uncertainties of estimated parameters and a statistical analysis to assess the 
appropriateness of the conceptual model. Furthermore, PHREEQC offers in contrast to 
FITEQL the choice of different methods for ionic strength correction including the PITZER 
equation. A further drawback of FITEQL is that the Pre-Processor of FITEQL (screen II) does 
not accept species names having more than 10 characters (e.g., Edg_alO(UO2)2CO3(OH)3
2-
). 
Using PEST in combination with PHREEQC to determine uncertainties of any parameters 
used in PHREEQC (not shown in this note) overcomes some restrictions of LJUNGSKILE 
(Ödegaard-Jensen et al. 2002) which can only calculate uncertainties of complex stability 
coefficients, but not e.g., solubility products, surface complexation constants, and kinetic rates. 
Last but not least PEST and PHREEQC in contrary to FITEQL are public domain programs 
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APPENDIX (1), Template file 
case.tpl 
ptf @                               # PEST fills parameters in between @      @ 
Title sorption of U(VI) on STx-1b 
SURFACE_MASTER_SPECIES 
  Edg_al  Edg_alOH                   # aluminol edge sites 
  Edg_si  Edg_siOH                   # silanol edge sites   
SURFACE_SPECIES   
          Edg_alOH = Edg_alOH 
         log_k  0.0 
         Edg_alOH  + H+ = Edg_alOH2+ 
         log_k   12.3 # Zachara and Mckinley, 1993,  
         Edg_alOH = Edg_alO- + H+ 
         log_k   -13.16 #Zachara and Mckinley, 1993 
          Edg_alOH + UO2+2 = Edg_alOUO2+ + H+ 
         log_k       @k1                            @ # to be optimized by PEST 
         Edg_alOH + Na+ = Edg_alONa + H+ 
         log_k        @k2                           @ # to be optimized by PEST 
         Edg_siOH = Edg_siOH     
         log_k  0.0  
          Edg_siOH  + H+ = Edg_siOH2+ 
         log_k  -0.95 # # Mckinley et al, 1993 
         Edg_siOH = Edg_siO- + H+ 
         log_k  -6.65 # # Mckinley et al, 1993 
         Edg_siOH + UO2+2 = Edg_siOUO2+ + H+ 
         log_k         @k3                           @  # to be optimized by PEST 
         Edg_siOH + UO2OH+ = Edg_siOUO2OH + H+ 
         log_k         @k4                           @  # to be optimized by PEST 
         Edg_siOH + UO2(CO3)3-4  = Edg_siOHUO2(CO3)3-4 
         log_k         @k5                           @  # to be optimized by PEST   
         Edg_siOH + UO2(OH)3- = Edg_siOHUO2(OH)3- 
         log_k         @k6                           @   # to be optimized by PEST     
        Edg_siOH + Na+ = Edg_siONa + H+ 
        log_k          @k7                           @     # to be optimized by PEST         
        Edg_alOH + 2UO2+2 + CO3-2 + 3H2O = Edg_alO(UO2)2CO3(OH)3-2 + 4H+ 
       log_k           @k8                           @  # to be optimized by PEST 
SURFACE 1 edge sites on STx-1b 
Edg_alOH    9.213e-5    83.8    1.66    
Edg_siOH     9.99e-5          
Phases; fix_pH; H+ = H+; log_k 0 
fix_pe; e- = e- ; log_k 0 
Solution 1; units mmol/l; temp 23; pH  3; U 100 ug/l; Na 1; Cl 1 
END 
SELECTED_OUTPUT; -file case.prn; -reset false; -high_p true 
USER_PUNCH 
 -start 
 10 q_sorb = mol("Edg_alOUO2+") + mol("Edg_siOUO2+") + mol("Edg_siOUO2OH")  
 15 q_sorb = q_sorb +  mol("Edg_siOHUO2(CO3)3-4") + mol("Edg_siOHUO2(OH)3-") + 
mol("Edg_alO(UO2)2CO3(OH)3-2")  
 20 punch q_sorb / 0.42e-6×100                                       
 -end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -4.0 NaOH 10;  end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -4.5 NaOH 10;  end 





use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -5.5 NaOH 10;  end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -6.0 NaOH 10;  end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -6.5 NaOH 10;  end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -7.0 NaOH 10; end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -7.5 NaOH 10; end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -8.0 NaOH 10; end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -8.5 NaOH 10; end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -9.0 NaOH 10;  end 
use solution 1; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -9.5 NaOH 10;  end 
Solution 2; units mmol/l; temp 23; pH  3; U 100 ug/l0; Na 1; Cl 10 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -4.0 NaOH 10;  end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -4.5 NaOH 10;  end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -5.0 NaOH 10;  end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -5.5 NaOH 10;  end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -6.0 NaOH 10;  end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -6.5 NaOH 10;  end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -7.0 NaOH 10; end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -7.5 NaOH 10; end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -8.0 NaOH 10; end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -8.5 NaOH 10; end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -9.0 NaOH 10;  end 
use solution 2; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -9.5 NaOH 10;  end 
Solution 3; units mmol/l; temp 23; pH  3; U 100 ug/l; Na 25; Cl 25 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -4.0 NaOH 10;  end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -4.5 NaOH 10;  end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -5.0 NaOH 10;  end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -5.5 NaOH 10;  end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -6.0 NaOH 10;  end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -6.5 NaOH 10;  end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -7.0 NaOH 10; end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -7.5 NaOH 10; end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -8.0 NaOH 10; end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -8.5 NaOH 10; end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -9.0 NaOH 10;  end 
use solution 3; use surface 1; EQUILIBRIUM_PHASES 1; CO2(g)  -3.5; fix_pH -9.5 NaOH 10; end 
 
APPENDIX (2), Control file 
case.pst 
pcf  
× control data 
restart  estimation  
8 33 1 0 3 
# no of parameters,observations, group parameters, prior infos , groups  
1 1 single point 1 0 0   
# no of template files, no of instruction files, …. 
10.0 2.0 0.3 0.03 10     
3.0 3.0 0.001              
0.1                       
30 0.001 3 3 0.01 3       
1 1 1                     
× parameter groups 
k1 relative 1e-2 0.000001 switch 2 parabolic    





k1 none relative  7 3.0 12.0 k1 1.0 0.0 1  
#param_name,type, initial, min, max, ..…. 
k2 none relative  -6.0 -15. 15.0 k1 1.0 0.0 1    
k3 none relative  -0.1 -10 5.0 k1 1.0 0.0 1 
k4 none relative  -6 -10.0 1.0 k1 1.0 0.0 1 
k5 none relative  5 1.0 20.0 k1 1.0 0.0 1 
k6 none relative  6.7 0.0 10.0 k1 1.0 0.0 1 
k7 none relative -5.6 -10.0 0.0 k1 1.0 0.0 1 
k8 none relative -0.1 -2.0 1.0 k1 1.0 0.0 1 
× observation groups 
group_1                 
group_2 
group_3 
× observation data 
c1 79.0 1 group_1   
# obs_name, value, weight, group no  
c2 87.3 1 group_1  
c3 95.0 1 group_1 
c4 98.0 1 group_1  
c5 98.0 1 group_1  
c6 95.5 1 group_1  
c7 89.0 1 group_1  
c8 80.5 1 group_1  
c9 69.3 1 group_1  
c10 57.0 1 group_1  
c11 45.0 1 group_1 
c12 61.0 1 group_2   
c13 77.2 1 group_2  
c14 91.0 1 group_2 
c15 95.0 1 group_2 
c16 95.0 1 group_2  
c17 97.0 1 group_2  
c18 96.0 1 group_2  
c19 87.0 1 group_2  
c20 75.5 1 group_2  
c21 65.0 1 group_2  
c22 53.0 1 group_2 
c23 52.0 1 group_3  
c24 70.0 1 group_3  
c25 85.0 1 group_3 
c26 89.5 1 group_3  
c27 91.0 1 group_3  
c28 96.8 1 group_3  
c29 100.0 1 group_3  
c30 95.0 1 group_3  
c31 85.0 1 group_3  
c32 74.0 1 group_3  
c33 60.0 1 group_3  
× model command line 
phreeqc.exe case.phrq case.out c:/phreeqc/llnl.dat scr.out  
× model input/output 
case.tpl case.phrq  
case.ins case.prn   







APPENDIX (3), Instruction file 
case.ins 
pif @               # read line 1 or 2 (l1 or l2); data to be read between position 1 and 25 i 












































APPENDIX (5), Residual and Observation files 
case.REC (estimated results from PEST) 
Current parameter values                  
      k1               5.18431                      
      k2              -15.0000                    
      k3               3.04906                     
      k4              -1.37520                    
      k5               6.61135                     
      k6               6.78168                     
      k7              -5.22070                     
      k8               1.00000  
 
case.RES (measured and calculated data and residual) 
 
 Observation Measured Calculated Residual Weight Group 
      
c1 79 66.3125 12.6875 1 group_1 
c2 87.3 88.3356 -1.03564 1 group_1 
c3 95 95.6469 -0.646884 1 group_1 
c4 98 96.8813 1.11868 1 group_1 
c5 98 95.9634 2.03664 1 group_1 
c6 95.5 93.7147 1.78531 1 group_1 
c7 89 89.6254 -0.625412 1 group_1 
c8 80.5 80.4114 8.86E-02 1 group_1 
c9 69.3 64.596 4.70395 1 group_1 
c10 57 62.412 -5.41204 1 group_1 
c11 45 54.985 -9.98502 1 group_1 
c12 61 1.43E-90 61 1 group_2 
c13 77.2 83.0883 -5.88829 1 group_2 
c14 91 94.5525 -3.55248 1 group_2 
c15 95 97.9539 -2.95392 1 group_2 
c16 95 98.4949 -3.49487 1 group_2 
c17 97 97.8718 -0.871821 1 group_2 
c18 96 96.1586 -0.158592 1 group_2 
c19 87 92.3998 -5.39983 1 group_2 
c20 75.5 82.5418 -7.04176 1 group_2 
c21 65 62.9273 2.07273 1 group_2 
c22 53 53.7386 -0.738608 1 group_2 
c23 52 22.9744 29.0256 1 group_3 
c24 70 1.43E-90 70 1 group_3 
c25 85 92.7887 -7.78868 1 group_3 
c26 89.5 97.7014 -8.2014 1 group_3 
c27 91 99.1709 -8.17095 1 group_3 
c28 96.8 99.4038 -2.60382 1 group_3 
c29 100 98.954 1.04598 1 group_3 
c30 95 97.1112 -2.11123 1 group_3 
c31 85 89.9981 -4.99806 1 group_3 
c32 74 70.1543 3.84573 1 group_3 









COMPLETION OF OPTIMISATION PROCESS 
Composite sensitivities for observation group "group_1" -----> 
 
 Number of observations with non-zero weight =    11 
 Parameter name    Group          Current value    Sensitivity 
   k1              k1               5.18431         0.147111     
   k2              k1              -15.0000         5.284803E-10 
   k3              k1               3.04906          5.71726     
   k4              k1              -1.37520         5.002027E-02 
   k5              k1               6.61135          6.51195     
   k6              k1               6.78168          2.60678     
   k7              k1              -5.22070          9.93890     
   k8              k1               1.00000         0.932026     
 
 Composite sensitivities for observation group "group_2" -----> 
 
 Number of observations with non-zero weight =    11 
 Parameter name    Group          Current value    Sensitivity 
   k1              k1               5.18431         0.137870     
   k2              k1              -15.0000         1.024351E-10 
   k3              k1               3.04906          3.84559     
   k4              k1              -1.37520         4.479850E-02 
   k5              k1               6.61135          4.52265     
   k6              k1               6.78168          2.43845     
   k7              k1              -5.22070          5.54688     
   k8              k1               1.00000         0.719605     
 
 Composite sensitivities for observation group "group_3" -----> 
 
 Number of observations with non-zero weight =    11 
 Parameter name    Group          Current value    Sensitivity 
   k1              k1               5.18431         0.147288     
   k2              k1              -15.0000         6.246567E-09 
   k3              k1               3.04906          2.37862     
   k4              k1              -1.37520         3.945916E-02 
   k5              k1               6.61135          4.93196     
   k6              k1               6.78168          2.25305     
   k7              k1              -5.22070          5.87319     





















Observation Group Measured Modelled Sensitivity 
 c1 group_1 79.00000 66.31252 6.347751     
 c2 group_1 87.30000 88.33564 2.896950     
 c3 group_1 95.00000 95.64688 1.134142     
 c4 group_1 98.00000 96.88132 0.7920526     
 c5 group_1 98.00000 95.96336 0.9762608     
 c6 group_1 95.50000 93.71469 1.393486     
 c7 group_1 89.00000 89.62541 2.050889     
 c8 group_1 80.50000 80.41138 3.388537     
 c9 group_1 69.30000 64.59605 3.583756     
 c10 group_1 57.00000 62.41204 10.08098     
 c11 group_1 45.00000 54.98502 12.63383     
 c12 group_2 61.00000 1.4285714E-90 2.6612249-110 
 c13 group_2 77.20000 83.08829 4.013520     
 c14 group_2 91.00000 94.55248 1.455748     
 c15 group_2 95.00000 97.95392 0.5499647     
 c16 group_2 95.00000 98.49487 0.3970055     
 c17 group_2 97.00000 97.87182 0.5515890     
 c18 group_2 96.00000 96.15859 0.9391126     
 c19 group_2 87.00000 92.39983 1.639685     
 c20 group_2 75.50000 82.54176 3.130746     
 c21 group_2 65.00000 62.92727 3.560912     
 c22 group_2 53.00000 53.73861 9.592612     
 c23 group_3 52.00000 22.97441 8.408822     
 c24 group_3 70.00000 1.42857144285714E-90 2.6612249-110 
 c25 group_3 85.00000 92.78868 1.939100     
 c26 group_3 89.50000 97.70140 0.6614666     
 c27 group_3 91.00000 99.17095 0.2524648     
 c28 group_3 96.80000 99.40382 0.1863248     
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6 Competitive Sorption and Desorption of Arsenate and Uranium 















 University of Bayreuth. 95440 Bayreuth, Germany 
 
This research investigated the sorption and desorption of U(VI) and As(V) using twelve glass 
columns packed either with kaolinite and quartz or with bentonite and quartz for input 
solutions containing either U(VI) or As(V) separately, or equimolar concentration of uranium 












Figure 6-1. Experimental breakthrough and desorption curves of U(VI) and As(V), when 
input solutions of U(VI) only, As(V) only, U(VI) together with As(V) flushed into (A) 










Breakthrough curves of U(VI) and As(V) showed similar pattern in bentonite packed columns 
for all influent studied at pH 3. A slight decline in U(VI) and As(V) retardation in kaolinite 
packed column was seen in the presence of U(VI) and As(V) in the input solutions at pH 3 due 
to the competitive effect between  U(VI) and As(V) species for adsorption sites on kaolinite 
(Figure 6-1A). With U(VI) and As(V) in the solution at pH 6 the breakthrough curves of 
uranium and arsenate were different in all column experiments (Figure 6-1B). Desorption of 
U(VI) and As(V) from columns treated before with both uranium and arsenate at pH 6 seems 
to be slower than those at pH 3. Sorption of U(VI) and As(V) in bentonite packed columns 
appeared to be irreversible. In contrast, all uranium and arsenate adsorbed in kaolinite packed 
column were desorbed. The results are explained by two mechnisms. At pH 3, ion exchange 
was dominant. At pH 6, simultenous ion exchange and surface complexation reactions 
contributed to the U(V) and As(V) sorption onto bentonite and kaolinite. 
.




6 Detection of uranylarsenates in acidic and alkaline solutions with 
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While complexation of uranium and phosphate is relatively well investigated, little 
information exists about interactions of uranium and arsenate. Based on the assumption that 
P(V) and As(V) form similar species with uranium, uranium arsenate complexation was 
investigated under both acidic and alkaline conditions with TRLFS. Three uranium arsenate 
species (UO2HAsO4, UO2H2AsO4
+
, UO2(H2AsO4)2) have been identified previously by Rutsch 
et al. (1999) in a pH range between 1.5 and 3 with TRLFS. In our investigation the pH range 
was extended up to pH 9.5. Fluorescence lifetime and main emission bands were used to 
characterize the above mentioned species and an additional species was determined to 




presumed to be UO2AsO4
-
. 






 1.54  0.05 471, 488, 510, 534, 560 
UO2H2AsO4
+
 10.6  6.0 478, 493, 515, 538, 565 
UO2(H2AsO4)2
0
 26.8  9.1 485, 497, 518, 543, 567 
UO2HAsO4
0
 1.74  0.69         500, 525, 549, 575 
UO2AsO4
-
 14.7         506, 527, 551, 576  
 
As uranium and arsenic often co-occur, uranylarsenates will have major implications on 
uranium mobility in the environment. Especially noteworthy is the wide range of 




predominance for the UO2(H2AsO4)2
0
 (pH 3-4) and UO2HAsO4
0







 form in the absence of arsenic and are retained 
effectively by cation exchange on clay minerals, non-charged uranyl-arsenates significantly 








Elevated concentrations of uranium and arsenic in soils and groundwaters can originate from 
anthropogenic sources such as mining and milling operations (Johnson & Thornton 1987, 
Morrison & Cahn 1991, Merkel et al. 2002, Merkel & Hasche-Berger 2005, Merkel & 
Hasche-Berger 2008), manufacture of fertilizers (Barisic et al. 1992, Zielinski et al. 2006, 
Huhle et al. 2008), smelter wastes (Payne et al. 1996), and to a minor extent from agricultural 
drainage water from certain arid regions (Fujii & Swain 1995). The natural sources of uranium 
and arsenic such as weathering and dissolution of uranium or arsenic containing minerals may 
pose also a threat to the environment. Arsenic contamination in geothermal systems has been 
identified in many areas of the world including the Yellowstone National Park (Nordstrom et 
al. 2005, Planer-Friedrich et al. 2007a), Mexico, central America, Japan, New Zealand, Papua 
New Guinea, Chile, Philippines, Indonesia, Kamchatka, Alaska, Iceland, France (Smedley & 
Kinniburgh 2002, Webster and Nordstrom & Nordstrom 2003). The human health effects of 
uranium, arsenic, and other toxic elements have been comprehensively reviewed by several 
leading national and international bodies including WHO and USEPA. The main chemical 
effect associated with exposure to uranium and its compounds is kidney toxicity. Long-term 
exposure to arsenic in drinking water is casually related to increased risks of cancer in the 
skin, lungs, bladder and kidney, as well as other skin changes such as hyperkeratosis and 
pigmentation changes (Smith et al. 1992, Guo et al. 2001, Guo et al. 2003). In addition, the 
elevated levels of arsenic in ground and surface-waters is a tremendous public health risk to 
millions of people of Bangladesh (Chowdhury et al. 1999, Welch et al. 2000), Mongolia, 
Taiwan, Ghana, Argentina, Chile, Mexico, Great Britain (Smedley & Kinniburgh 2002), 





Maximum concentration levels (MCLs) for drinking water have been established for many 
inorganic elements, including uranium and arsenic. The provisional MCL for uranium and 
arsenic has been set to 15 µg/L and 10 µg/L respectively by the World Health Organization 
(WHO 2004), however, it was discussed worldwide that 5 or 10 µg/L would be more 
reasonable for uranium in water and soils, respectively.  
Under oxidizing geochemical conditions, the most stable oxidation state of uranium is U(VI) 
(Grenthe et al. 1922) which exists in acidic aqueous solution as the linear uranyl ion, UO2
2+
. 
At higher pH, the uranyl ion hydrolyzes extensively, forming monomers, dimers, and trimers. 
Arsenic occurs in nature in both organic and inorganic forms. The two inorganic oxidation 
states of highest environmental concern are arsenite As(III) and arsenate As(V). Arsenite 
predominates under anaerobic conditions, while As(V) predominates under aerobic conditions 
(Smedley & Kinniburgh 2002), however, this is not true for sulfidic environments, where 
thioarsenates can be the dominant species (Planer-Friedrich et al. 2007b).  
The fate and transport of uranium(VI) and arsenic in subsurface environments is strongly 
affected by their adsorption/desorption reactions at the solid solution interfaces. Among the 
more common candidates in this regard are clay minerals, which have a very strong capacity 
retention due to (i) their large surface area as well as their osmotic swelling capacity and 
consequently their plasticity and impermeability, and (ii) the property of these minerals to 
simultaneously create a permanent negative charge within the structure and a variable charge 
at the particle edge. The electrical negative charge is created due to extensive isomorphous 









 in the octahedral sheet). Positive charge may 
occur due to edge defects (e.g., protonation of broken Al-OH bonds exposed at particle edges). 





in tetrahedral and octahedral sheets. Thus, edge defects are more important sources of positive 
charge than isomorphic substitution (Lin & Puls 2000). Hence, clay minerals can adsorb 
cations and/or anions that neutralize the structure charge. Some of the most important clays 
such as montmorillonite and kaolinite were used as model systems, both because of their 
prevalence in soil and ground water environments and because they have been recognized as 
of fundamental importance for retarding the migration of many contaminants in soils and 
rocks (Borovec 1981, Olguin et al. 1997, Hyun et al. 2001a, Payne et al. 2004, Catalano & 
Brown 2005, Bachmaf et al. 2008) and considered as a barrier material for radionuclide 
retention (Lajudie et al. 1995, Neall et al. 1995a). Both uranium and arsenate are known to 
strongly adsorb onto clay minerals (Manning & Goldberg 1997, Lin & Puls 2000, Chisholm-
Brause et al. 2001, Catalano & Brown 2005, Krepelova et al. 2006), with optimum sorption at 
pH 5 to 7 for uranium (Zachara & Mckinley 1993, Pabalan et al. 1996) and with sorption 
increasing with decreasing pH (Goldberg 2002, Violante & Pigna 2002). Conventional batch 
experiments were widely performed to investigate the U(VI) and As(V) sorption/desorption 
onto clay minerals (Chisholm-Brause et al. 2001, Hyun et al. 2001a, Villalobos & Leckie 
2001, Goldberg 2002, Violante & Pigna 2002). 
Although batch experiments can provide useful mechanistic information about solute–sorbent 
interactions, they have limited applicability to actual subsurface transport due to (i) the low 
solid/solution ratio compared to porous media, (ii) the potential buildup of reaction products 
and intermediates in the closed system, (iii) the lack of hydrodynamic mass-transport 
limitations which may occur in porous media, (iv) particle abrasion resulting in potential 
alterations in mineral reactivity, and (v) solubilization of soil components due to soil sample 
agitation. To better investigate adsorption of U(VI) and As(V) to subsurface media and its 





Based on the fact that both phosphate and arsenate have similar geochemical properties and 
sorption behavior onto mineral surfaces (Violante & Pigna 2002), furthermore, formation of 




) was reported by 
(Payne et al. 1996, Cheng et al. 2004, Bachmaf et al. 2008). These complexes caused 
enhancement in the U(VI) sorption onto clay minerals and iron hydroxides. Hence, one has to 
expect that uranyl-arsenate complexes can form and affect on the U(VI) and As(V) sorption 
behavior (Bachmaf et al. 2009). 







 are reported using time-resolved laser-induced fluorescence 
spectroscopy (Rutsch et al. 1999). An indication for an additional uranyl arsenate species was 
found by (Gezahegne et al. 2009) by comparing the fluorescence data of the mineral troegerite 
[H2(UO2)2(AsO4)2.8H2O] using the fluorescence spectra of uranyl arsenate solutions. 
However, these four uranyl-arsenate species were only detected with molar uranium to arsenic 
ratios of 1:10 to 1:50. Therefore the attempt was made to study the sorption/desorption of 
U(VI) and As(V) when both elements are present in the solution, because the formation of U-
As species may alter or enhance the sorption in comparison with the uptake when only arsenic 
or uranium separately in solution. 
Batch experiments were conducted at uranium and arsenic concentrations (30 and 50 µM) at 
pH of 3, 5 and 8 with varying boundary conditions. The results are only shown in the 
supplement experiments due to the fact that the results are significantly affected by 
precipitation of one or more minerals, which are likely to be U-As minerals. Since the arsenic 
stock solution was made from sodium arsenate it can be suggested that sodium-uranospinite 





solubility product is published for this mineral. Thus, it was not possible to calculate the 
threshold uranium and arsenic concentration with respect to sodium-uranospinite.  
As a consequence of the batch experiments with 30 and 50 µM U and As concentrations, 
column experiments were performed with significantly lower U and As concentration (5 µM). 
The column experiments were performed to investigate (i) transport of U(VI) in  kaolinite or 
bentonite columns at pH 3 and 6 in the absence of As(V), (ii) transport of As(V) in kaolinite or 
bentonite columns at pH 3 and 6 in the absence of U(VI), (iii) transport of U(VI) and As(V) in 
kaolinite or bentonite columns at pH 3 and 6 when both contaminants are present in the 
influent.  
6.2 Materials and methods 
6.2.1 Materials  
The clay minerals used as the adsorbent in the column experiments were an Amberger 
kaolinite (KFL) and a Morocco bentonite (IBECO), acquired from the Amberger 
Kaolinwerke (AKW) in Hirschau, and from the Federal Institute for Geosciences and Natural 
Resources (BGR) in Hannover (both Germany). The mineralogy of the < 2-µM clay fraction 
according to powder X-ray diffraction (XRD) and the chemical composition according to X-
ray fluorescence (XRF) analysis for Morocco bentonite and Amberger kaolinite are listed in 
(Table 6-1). No pre-treatment was conducted for the clay minerals before the experiments to 
preserve natural conditions. 
The quartz sand used in this work termed F32 was supplied from (Quarzwerke Frenchen, 
Germany). The sand has an average grain size of 0.24 mm and a specific theoretical surface 
area of 102 cm
2
/g. XRD characterizations found 98.6±0.26% quartz and 1.4±0.26% calcite. 





Fe2O3. Calcite and the small amount of iron oxides were removed from the sand by washing 
with diluted (1:10) 65% nitric acid for 24 hours, rinsing with deionised water, and air-drying 
in the laboratory. 
U(VI) and As(V) stock solutions of 5×10
-6
 M were prepared by dissolving uranyl nitrate 
hexahydrated UO2 (NO3)2.6H2O (Chemapol, Germany), and sodium arsenate 
Na2HAsO4.7H2O (Baker, Germany), respectively, in ultra pure water of 0.056 µs/cm.  
A matrix of 0.01 M sodium chloride (Merck, Darmstadt-Germany) was added to the input 
solution to keep the ionic strength at a constant value. The pH of input solutions was adjusted 
to a pH of 3 and 6 with diluted NaOH or HCl and controlled by a pH glass electrode and a pH 
meter (WTW GmbH, Germany). 
The determination of uranyl ion was carried out by differential pulse adsorptive cathodic 
stripping voltammetry using a hanging mercury drop electrode (HMDE) as working electrode 
(797 Va Computrace, Methrohm, Switzerland). The technique is based upon adsorptive 
accumulation of the metal ion complexed with the ligand chloranilic acid at the electrode 
surface and then scanning the potential on the working electrode in the negative direction. The 
detection limit of the voltammetry was established at 0.05 µg/L. Total arsenic concentration 

















Compound/element Bentonite Kaolinite Bentonite Kaolinite 
















MgO 2.1 0.15 Quartz (0.9%)  
MnO 0.007 -   
CaO 1.3 0.15   
Na2O 1.95 0.02   
K2O 0.95 0.18   
P2O5 0.041 -   
LOI 16.63 10.5   
LOI: loss of ignition  
6.2.2 Experimental setup 
Column experiments were conducted at room temperature using a total of twelve glass 
columns of 2.4 cm inner diameter, 40 cm height, glass wool filter within the top cap and about 
0.5 cm layer of granular silica beads at the bottom, covered with aluminum foil to avoid the 
effect of light. Six columns were packed with a mixture of 10% bentonite (34 g) and 90% 
cleaned quartz sand (300 g). The last six columns contained a mixture of 10% kaolinite (34 g) 
and 90% treated quartz sand (300 g). The effective porosity was on average 0.2. The solutions 
were pumped from bottom to top at an average of about 80 µl/min over sorption and 
desorption period using a high precision 24 channel peristaltic pump (planetary driven 
ISMATEC IPC, Ismatec SA, Switzerland). From this a total water volume of 33.4 mL was 





columns a mean residence time of 7h results. The experimental setup is presented in (Figure 6-
1). The composition of the inlet solutions is presented in (Table 6-2). After the desired 
breakthrough period, the inlet solution was switched back to a U(VI) and/or As(V) free, 0.01 
M NaCl solution in order to investigate the desorption. During the first two weeks of both 
sorption and desorption experiments daily samples from the outlet were collected. After that, 
three samples per week were taken. The effluents collected were immediately filtered with 0.2 
µm cellulose acetate filters (Membrex, Germany) and analyzed for U(VI), total As, and pH 
until the uranium and arsenic concentrations were ~1% of their concentration in the initial 
input solutions. The effluent pH of the columns was fairly constant and close to that of the 
influent, when the input solutions were adjusted at pH 6 (see Table 6-2), whereas noticeable 
variation between the influent/effluent pH was recorded when the input solution set at 3 
(change ~4 units). To test for loss of U(VI) or As(V) on quartz sand and the experimental 
apparatus used, six separate control column experiments (column filled only with cleaned 
sand) were run.  





















 0 3 5-6 58 34 
2 Bentonite 0 5×10
-6





 3 6-7 55 (U, As) 40 (U), 31 (As) 
4 Bentonite 5×10
-6
 0 6 6-8 74 60 
5 Bentonite 0 5×10
-6





 6 6-6.5 89 (U, As) 54 (U), 48 (As) 
7 Kaolinite 5×10
-6
 0 3 5-6 58 40 
8 Kaolinite 0 5×10
-6





 3 6-7 46 (U, As) 34 (U), 25 (As) 
10 Kaolinite 5×10
-6
 0 6 6-6.5 69 50 
11 Kaolinite 0 5×10
-6





 6 6-6.5 83 (U, As) 51 (U), 33 (As) 
a 






Figure 6-1. Schematic diagram of experimental column setup, columns 1 to 6 were packed 
with 10% bentonite and 90% quartz sand, columns 7 to 12 were packed with 10% kaolinite 
and 90% quartz sand resulting an effective porosity of 0.2. 
 
In each column experiment, the relative uranium concentration (eluted concentration/ input 
concentration) was depicted as a function of normalized outflow (eluted volume/column water 
volume V0) or the time to obtain breakthrough curve (or elution curves) which is typically 
used to describe the solute transport in the porous media (Schweich & Sardin 1981, Roth & 
Jury 1993). For data treatment, the mass balance (MB) ratio was obtained by calculating the 
amount of U(VI) adsorbed and desorbed from the columns over sorption and desorption 
period. 
Column hydrodynamics were measured subsequent to the experiments by introducing a step 
input of a chloride-containing solution to the column and measuring the electrical conductivity 






6.3 Results and discussion 
The influence of both input solution composition and the type of packed material on the 












Figure 6-2. Experimental breakthrough curves (BTCs) for solutions containing U(VI) only, 
As(V) only, as well as both U(VI) and As(V) flushed into sand columns (control columns) at 




 M, 0.01 M NaCl. 
 
The data of the control column experiments confirm that complete breakthrough of U(VI) and 
As(V) was achieved after less than ~ 25 pore volumes. 
In comparison to Figure (6-2a) at pH 3, Figure (6-2b) shows that the steepness of the 
breakthrough curves at pH 6 is significantly less both for uranium and arsenic. This can only 
be explained by the fact that sorption equilibrium was not achieved in the control columns 
with respect to the mean residence time for the solutions applied. In case of clay minerals 
packed columns, it can be speculated that sorption on edge-sites is fast and thus in 






6.3.1 Sorption experiments with arsenate only 
The breakthrough curves of uranium and arsenate in columns packed with bentonite or 
























Figure 6-3. Experimental breakthrough curves (BTCs) of U(VI) and As(V) for U(VI) only, 
As(V) only, as well as when both U(VI) and As(V) flushed into bentonite-sand columns (A-B) 











The As(V) breakthrough curves are slightly affected by pH  in the kaolinite columns(Figure 6-
3 C and D), which might be attributed to the dissolution of the kaolinite surface, that releases 
soluble Al
3+





 complex formation, and/or due to preferential adsorption of the H2AsO4
-
 species, 
which predominates between pH 3 and 7 (Frost & Griffin 1977) onto the positively charged 
Al-OH bonds exposed at particle edges.  
6.3.2 Sorption experiments with uranium only 
U(VI) retardation is heavily influenced by the pH. At pH 3, uranium was detected a few days 
after starting the experiment while at pH 6 it took 20 to 30 days before the first appearance of 
uranium at the outlet occurred. As well breakthrough appeared after 60 days and 80 days 
respectively with pH 3 and 6. At pH 3, U(VI) exists predominantly as free cation in the form 
of UO2
2+
, which can absorb onto the negatively charged surface of bentonite by cation 
exchange mechanism explaining the increase in effluent pH during the experiments (see Table 
6-2). At pH 6, UO2OH
+





 (12%), while at pH 3 UO2
2+
 is the only dominating species (calculated by 
PHREEQC with NEA database). Significantly less sorption for pH 3 input solution can be 




. However, this simple 
calculation does not take into account that the initial pH is changing within the column. So, in 
both settings positively charged species are dominating. However, in the case of pH 3 in the 
solution applied H
+
 ions are in competition with UO2
2+
 while at pH 6 the H
+
 activity is much 
lower and no competition with uranium species occurs. This explains as well that the outlet pH 





6.3.3 Sorption experiments with both uranium and arsenic 
In terms of input solution composition, four different sorption patterns are clearly shown in 
Figure (6-3): For bentonite and pH 3, no significant differences can be seen for the sorption of 
arsenic and uranium comparing the uranium-arsenic solution with the single element solutions. 
On contrary, with pH 6 a slightly better sorption of arsenic and a much better sorption of 
uranium occurs.  
For kaolinite at pH 3, we see on contrary to bentonite less sorption for both arsenic and 
uranium, while at pH 6 in similarity to bentonite the presence of uranium and arsenic in the 
system increases the sorption for both elements. The decrease of sorption at pH 3 might be 
attributed either to the competitive effect for the adsorption sites of kaolinites or to the 
formation of zero charged uranyl-arsenate species (e.g., UO2(H2AsO4)2
0
) which are weaker 
than the comparable uranium species. This first explanation is supported by (Goldberg 2002), 
who showed maximal As(V) uptake at low pH and a decrease with increasing pH above pH 9 
for Al oxide, pH 7 for Fe oxide and pH 5 for clays. Furthermore, because bentonite has 
already higher cation exchange capacity (112 meq/100g) than kaolinite (3.2 meq/100g), the 
competition between U(VI) and As(V) for the sorption sites seems to be insignificant.  
The increase of U(VI) and As(V) sorption when both elements are present at pH 6 might be 
attributed to the formation of the uranyl-arsenate complex (e.g., UO2AsO4
-
) in analogy with 
the uranyl-phosphate complex (UO2PO4
-
) which are stronger than the comparable uranium 
species.  This observation is in agreement with those by (Payne et al. 1996, Cheng et al. 2004, 
Bachmaf et al. 2008), who reported that the formation of the ternary uranyl-phosphate 




) caused enhancement in the U(VI) sorption onto 
clay minerals and iron hydroxides. But, we cannot explain why in particular uranium sorption 





6.3.4 Desorption experiments 
Unfortunately, because one column was broken, desorption experiments with bentonite were 
halted too early in particular at pH 6 so that desorption behavior could not be evaluated 
completely. However, it is obvious that the bentonite columns showed a slower desorption 
than kaolinite columns at pH 6 (Figure 6-4). This might be attributed to the higher content of 
iron oxide in the bentonite structure (2.0%) compared to that in the kaolinite structure 
(0.28%), (see Table 6-1), which has pronounced sorption affinity to uranium and arsenate 
(Lenoble et al. 2002, Wazne et al. 2003). Other explanation might be the presence of the basal 
plane in bentonite that obviously delays the U(VI) or As(V) desorption. Desorption from 
bentonite at pH 6 shows a significant effect for uranium but as well for arsenic. Again 
differences for the experiments with arsenic and uranium as single components in comparison 
to the experiments with both elements can be seen. 
The presence of As(V) together with U(VI) caused irreversible sorption or slow desorption of 
uranium and arsenic when the pH of the influent solution adjusted to 6. This behavior 
contrasts with that exhibited at pH 3; rapid reversible desorption was observed when the 
columns were pre-treated with both U(VI) and As(V) at pH 3. 
The data of desorption in the control column experiments confirm that only 10 pore volumes 
are needed to extract all uranium and arsenate adsorbed before, consistent with (Cheng et al. 
2004, Cheng et al. 2007b), who observed no retardation in U(VI) transport in columns filled 
with uncoated quartz sand. The results of the control columns also demonstrated that simple 
precipitation of U(VI) and As(V) solids did not occur under our column experimental 
conditions. Thus, any U(VI) and As(V) retardation that occurred in the bentonite or kaolinite 























Figure 6-4. Desorption experiments of U(VI) and As(V) form bentonite-sand columns at pH 3 
and 6, (A) and (B), respectively, and from kaolinite- sand columns at pH 3 and 6, (C) and (D), 
respectively. (pre-treated with U(VI) only, or with As(V) only, as well as pre-treated with.both 
U(VI) and As(V). 
 
Quantitative U(VI) and As(V) recovery obtained from the calculation of mass balance in all 
columns indicated that U(VI) and As(V) adsorption was rapidly reversible for the kaolinite, 
particularly when the input solution was adjusted at pH 3 (see Table 6-3). These results 





in modeling contaminant transport in porous media, might not be appropriate under certain 
conditions, particularly, in the presence of reactive co-solutes. Moreover, kinetic limitations 
might be more pronounced for desorption than sorption. The relative degree of U(VI) and 
As(V) retardation and irreversible adsorption (or slow desorption) were: simultaneous 
presence of uranium and arsenate at pH 3< only uranium or only arsenate, at pH 3< only 
uranium or only arsenate at pH 6< simultaneous presence of uranium and arsenate at pH 6. 
Irreversible desorption of U(VI) has been reported in some recent works, in both batch 
experiments (Dong et al. 2005), and in column experiments (Qafoku et al. 2005, Cheng et al. 
2007b). 
Table 6-3. Mass balance for sorbed and desorbed uranium and arsenic in the twelve columns 
 Total U in [µM] Total As in [µM] 
Columns sorbed desorbed sorbed desorbed 
Bentonite, pH 3 16.3 9.6 - - 
Bentonite, pH 3 - - 7.22 (6.32) 
Bentonite, pH 3 15.59 (12.93) 6.27 (6.4) 
Bentonite, pH 6 24.78 (13.76) - - 
Bentonite, pH 6 - - 9.31 (10.9) 
Bentonite, pH 6 35.24 (12.88) 11.02 (7.55) 
Kaolinite, pH 3 16 16 - - 
Kaolinite, pH 3 - - 10.2 10.07 
Kaolinite, pH 3 12.7 12.4 6.3 6.4 
Kaolinite, pH 6 22.3 19.6 - - 
Kaolinite, pH 6 - - 10.48 10.4 
Kaolinite, pH 6 30.25 19.15 14.3 11.2 
6.4 Summary 
Practically, higher U(VI) retardation than As(V) retardation was detected in all columns 
indicating greater affinity of uranium than arsenate to the clay minerals. The As(V) 





obviously affected by pH. Competitive sorption for U(VI) and As(V) was exhibited in the 
presence of equimolar concentrations of both elements at pH 3. 
In contrast, when the solution pH was adjusted to pH 6, the presence of uranium concurrent 
with arsenate markedly extended the period required to achieve the breakthrough in all 
columns. This fact can be partly explained by the formation of the uranyl-arsenate complex. 
However, it could not be explained why in this case uranium sorption is significantly 
increased while arsenic sorption is not or only to a minor extent. Slow desorption and/or 
irreversible sorption was observed in most columns, particularly, at pH 6 and when uranium 
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The batch experiments were carried out using IBECO bentonite as sorbent. For some 
experiments, bentonite were exposed to ultraviolet radiation at 254 nm for 4 hours using a 6 W 
UV-lamp (Ultraviolet Products, San Gabriel, California, Model: UVG 54) to eliminate 
microorganisms, since preliminary experiments have shown the formation of thioarsenic 
compounds. 
Stock solutions of 30 or 50 µM U(VI), As(III) and As(V) were prepared by dissolving uranyl 
nitrate hexahydrated UO2 (NO3)2.6H2O (Chemapol, Germany), sodium arsenite NaAsO2 and 
sodium arsenate Na2HAsO4.7H2O (Baker, Germany) respectively in doubled distilled water of 
0.056 µs/cm. 
Batch experiments were carried out in a glove box versus outside with 10 g bentonite and 500 
mL of solution using 500 ml capped glass Erlenmeyer flasks. For glove box experiments, all 
standard solutions were purged with nitrogen before transferring them in a glove box with an 
inert atmosphere of 95% N2/5% H2.  
6.6.2 Experiments 
Batch sorption experiments were carried out with 10 g bentonite and 500 mL of solution using 
500 ml capped glass Erlenmeyer flasks. The pH of each test solution was adjusted to the 
required value (pH 3, 5, and 8) with 0.1 M NaOH or HCl solutions (Merck, Germany) at the 
beginning of each experiment. Throughout the experiment the pH was monitored either 





repeatedly using a combined glass electrode (WTW GmbH, Germany). In case of pH 
deviations, adjustments were made immediately. Maximum pH deviations were  0.5 pH units 
over 24 hours. Table (6-4) shows all experiments performed in the present study. The 
suspension of solution and bentonite was continuously stirred using a magnetic stirrer (IAK, 
Germany). After 24 hours contact time, the solution was separated from the solid by 
centrifugation (30 min, 3000 rpm, MLW Medizintechnik) and filtration of the supernatants 
(0.2 µm cellulose acetate filters, Membrex, Germany). A subset of filtered samples were flash-
frozen in liquid nitrogen immediately without adding any preservatives and kept frozen until 
analysis as we presumed that sulfide is released from the bentonite and flash-freezing was 
shown to preserve arsenic speciation in sulfidic samples (Planer-Friedrich et al. 2007c). All 
other samples were acidified by adding 500 µL 6N HCl to 50 mL sample 
 
Table 6-4. All batch sorption experiments conducted in this work, pH values of 3, 5 and 8 
Scenario 1 arsenite / arsenate / uranium (30 µM) + bentonite (20 g/L) 
Scenario 2 arsenite / arsenate / uranium (30 µM) + UV bentonite (20 g/L) 
Scenario 3 *arsenite / arsenate /uranium (50 µM) + bentonite (20 g/L and 100 g/L) + NaCl (10 mM)
 
Scenario 4 arsenite / arsenate / uranium (30 µM) + UV bentonite (20 and 100 g/L) + NaCl (10 mM) 
Scenario 5 arsenite / arsenate (30 µM) + uranium (30 µM) + bentonite (20 g/L and 100 g/L) 
Scenario 6 arsenite / arsenate (30 µM) + uranium (30 µM) + UV bentonite (20 g/L) 
Scenario 7 *arsenite / arsenate (50 µM) + uranium (50 µM) + bentonite (20 g/L and 100 g/L) + NaCl (10 mM) 
Scenario 8 arsenite / arsenate (30 µM) + uranium (30 µM) + UV bentonite (20 and 100g/L) + NaCl (10mM) 
Scenario 9 arsenite / arsenate (30 µM) + uranium (30 µM) + bentonite (20 g/L) + NaCl (10mM) + methanol  
Scenario 10 arsenite / arsenate (30 µM) + uranium (30 µM) 
Scenario 11 arsenite / arsenate (30 µM) + uranium (30 µM) + NaCl (10 mM) 
* Experiments were conducted in glove box. 
6.6.3 Analyses 
Frozen samples from the batch sorption experiments were thawed and handled exclusively in 
an inert atmosphere (95% N2, 5% H2) immediately prior to analysis. Total arsenic and uranium 
concentrations were determined by ICP-MS detecting arsenic as AsO
+
 and uranium as UO2
+
. 





experiments anion-exchange chromatography (with 0.1 M NaOH as eluent) coupled to 
inductively coupled plasma mass-spectrometry (IC-ICP-MS) was used. Simultaneous ICP-MS 
on-line detection of arsenic (as AsO
+
, m/z = 91) and sulfur (as SO
+
, m/z = 48) to monitor the 
presence of arsenic-sulfur compounds (thioarsenates) in eluting compounds was accomplished 
using the dynamic reaction cell (DRC ) technology with O2 as reaction gas as described 
before (Planer-Friedrich et al. 2007c) at Trent university. Arsenite and arsenate were 
quantified based on calibration with NaAsO2 (J.T.Baker, Phillipsburg, NJ) and Na2HAsO4 
(Sigma-Aldrich, Oakville, ON), respectively. For quantification of thioarsenates, the arsenate 
calibration curve had to be used due to a lack of commercial standards.  
6.7 Results 
6.7.1 Removal of arsenite or arsenate in mono-component system 
6.7.1.1 Effect of ionic strength 
The effect of ionic strength on As(III) or As(V) loss from solution containing only arsenite or 
arsenate is shown in (Table 6-5). In uranium-free systems and at all pH values, the removal of 
As(III) or As(V) was obviously affected by adding a matrix NaCl as electrolyte. In the system 
Arsenite-NaCl-Bentonite, total arsenic loss is less at pH 8 (28% compared to 38 and 37%) 
than at pH 3 and 5, respectively. In the system Arsenite-NaCl-Bentonite pH 8 is also the pH 
with the highest percentage of arsenate 4% and arsenite 64%, compared to 54 and 60 % at pH 
3 and 5, respectively. Further observation, monothioarsenate is predominant at pH 8 (55%, 
arsenite 24-33%), arsenate predominates at pH 3 (46-58%, monothioarsenate 21-27%), at pH 







Table 6-5. Removal of As(III) and As(V) in systems free of U(VI) as a function of pH and 
NaCl, (As(III)]= As(V)= 30 µM and 50µM, 0.01 M NaCl, M/V=20 g/L, in glove box) 







30µM As(III), 10g bentonite, pH 3 25.3  10.8 
30µM As(III), 10g bentonite, pH 5 21.6  13.6 
30µM As(III), 10g bentonite, pH 8 30.6  17.9 
50µM As(III), 10g bentonite, 10mM NaCl, pH 3 46.2  37 
50µM As(III), 10g bentonite, 10mM NaCl, pH 5 40.3  38 
50µM As(III), 10g bentonite, 10mM NaCl, pH 8 35.8  28 
30µM As(V), 10g bentonite, pH 3  7.9 -2.3 
30µM As(V), 10g bentonite, pH 5  14.5 3.7 
30µM As(V), 10g bentonite, pH 8  2.1 -11 
50µM As(V), 10g bentonite, 10mM NaCl, pH 3  53.8 6.7 
50µM As(V), 10g bentonite, 10mM NaCl, pH 5  64.5 26.5 
50µM As(V), 10g bentonite, 10mM NaCl, pH 8  97.3 18.6 
* ―Missing‖ data in all tables indicate sorption and/or precipitation. 
6.7.1.2 Effect of UV and CO2 
By comparing Table (6-6) with Table (6-5), two phenomena were observed, (i) treatment of 
bentonite with UV radiation clearly affects the removal of arsenic, (ii) higher removal was 
observed in the presence of CO2. 
 
Table 6-6. Removal of As(III) and As(V) in systems free U(VI) as a microorganisms, 
(As(III) = As(V) = 30 µM µM, 0.01 M NaCl, M/V=20 g/L, outside glove box) 







30µM As(III), 10g (UV) bentonite, pH 3 30.3  24.4 
30µM As(III), 10g (UV) bentonite, pH 5 24.7  21.3 
30µM As(III), 10g (UV) bentonite, pH 8 29.7  24.4 
30µM As(III), 10g (UV) bentonite, 10mM NaCl, pH 3 26.9  23.2 
30µM As(III), 10g (UV) bentonite, 10mM NaCl, pH 5 60.1  21.8 
30µM As(III), 10g (UV) bentonite, 10mM NaCl, pH 8 28.5  24.6 
30µM As(V), 10g (UV) bentonite, pH 3  15.9 0.2 
30µM As(V), 10g (UV) bentonite, pH 5  25.6 12.9 
30µM As(V), 10g (UV) bentonite, pH 8  12.6 -2.8 
30µM As(V), 10g (UV) bentonite, 10mM NaCl, pH 3  16.0 7.7 
30µM As(V), 10g (UV) bentonite, 10mM NaCl, pH 5  28.8 21.4 





6.7.1.3 Effect of amount of bentonite 
At all pH values, the amount of total As, arsenite and arsenate removed from solutions 
enhanced by increasing the amount of bentonite added to the systems from 20 g/L to 100 g/L 
(see Table 6-7). 
 
Table 6-7. Removal of As(III) and As(V) in systems free of U(VI) as a mass loading, 
(As(III) = As(V) = 30 µM, 0.01 M NaCl, M/V=20 g/L and 100 g/L) 
Description of Experiments 
Missing total 
Arsenic [%] 
30µM As(III), 10mM NaCl, 10g bentonite, pH 3 23.1 
30µM As(III), 10mM NaCl, 50g bentonite, pH 3 46.6 
30µM As(III), 10mM NaCl, 10g bentonite, pH 5 21.7 
30µM As(III), 10mM NaCl, 50g bentonite, pH 5 46.2 
30µM As(III), 10mM NaCl, 10g bentonite, pH 8 24.5 
30µM As(III), 10mM NaCl, 50g bentonite, pH 8 48.2 
30µM As(V), 10mM NaCl, 10g bentonite, pH 3 7.6 
30µM As(V), 10mM NaCl, 50g bentonite, pH 3 4.3 
30µM As(V), 10mM NaCl, 10g bentonite, pH 5 21.4 
30µM As(V), 10mM NaCl, 10g bentonite, pH 5 69.9 
30µM As(V), 10mM NaCl, 10g bentonite, pH 8 -7.7 
30µM As(V), 10mM NaCl, 50g bentonite, pH 8 34.4 
6.7.2 Removal of arsenite, arsenate, and uranium in bi-component system 
6.7.2.1 Effect of ionic strength 
Adding equimolar concentrations of As(III) to [U(VI)+ NaCl+ Bentonite] caused a slight 
decrease in U(VI) removal at all pH conditions. On the other hand, presence of equimolar 
concentration of As(V) in the system [U(VI)+ NaCl+ Bentonite] enhanced the U(VI) loss at 
pH 5 and 8, whereas only a little decrease in U(VI) removal was observed at pH 3. Less 
removal of total uranium and arsenic was observed by adding NaCl, particularly at pH 5 and 8. 
In the system Arsenite-Uranium-NaCl-Bentonite there is no significant difference in loss of 





Uranium-NaCl-Bentonite system at all pH smell of H2S; no such smell was detected in 
samples from the system Arsenite-NaCl-Bentonite. 
Table 6-8. Removal of As(III), As(V), and U(VI) in systems containing U(VI) as a function of 
pH and NaCl (U=As(III) = As(V) = 30 µM and 50µM, 0.01 M NaCl, M/V=20 g/L, in glove 
box) 









30µM U+ As(III), 10g bentonite, pH 3 88 0  -5.6 
30µM U+As(III), 10g bentonite, pH 5 96.5 4.1  10.9 
30µM U+As(III), 10g bentonite, pH 8 78 21.1  16.9 
50µM U+As(III), 10g bentonite, 10mM NaCl, pH 3 67.4 35.8  34.3 
50µM U+As(III), 10g bentonite, 10mM NaCl, pH 5 95.1 37.2  32.9 
50µM U+As(III), 10g bentonite, 10mM NaCl, pH 8 46.8 76.5  34.1 
30µM U+As(V), 10g bentonite, pH 3 90.7  5.5 -19.6 
30µM U+As(V), 10g bentonite, pH 5 97.7  66 64.1 
30µM U+As(V), 10g bentonite, pH 8 68.2  7.3 -3.4 
50µM U+As(V), 10g bentonite, 10mM NaCl, pH 3 83.6  76.9 12.6 
50µM U+As(V), 10g bentonite, 10mM NaCl, pH 5 99.5  98.6 71.8 
50µM U+As(V), 10g bentonite, 10mM NaCl, pH 8 94.2  97.8 72.6 
6.7.2.2 Effect of UV and CO2 
By comparing Table (6-9) with Table (6-8), two phenomena were observed, (i) treatment of 
bentonite with UV radiation clearly affects the removal of arsenic and uranium, (ii) higher 
removal was observed in the presence of CO2. 
Table 6-9. Removal of As(III) As(V) and U(VI) in systems containing U(VI) as function of 
microorganisms (U=As(III) = As(V) = 30 µM µM, 0.01 M NaCl, M/V=20 g/L, outside glove 
box) 









30µM U+As(III), 10g (UV) bentonite, pH 3 87.1 30  22.4 
30µM U+As(III), 10g (UV) bentonite, pH 5 98 27  24.3 
30µM U+As(III), 10g (UV) bentonite, pH 8 35.4 30  25.2 
30µM U+As(V), 10g (UV) bentonite, pH 3 91.7  21.2 9.7 
30µM U+As(V), 10g (UV) bentonite, pH 5 97.3  65.6 60.1 
30µM U+As(V), 10g (UV) bentonite, pH 8 38.4  26.5 18.1 
30µM U+As(III), 10g (UV) bentonite, 10mM NaCl, pH 3 71.2 15.6  15.7 
30µM U+As(III), 10g (UV) bentonite, 10mM NaCl, pH 5 70.5 14.3  47.7 
30µM U+As(III), 10g (UV) bentonite, 10mM NaCl, pH 8 95.8 25.8  7.7 
30µM U+As(V), 10g (UV) bentonite, 10mM NaCl, pH 3 71.1  93.3 -1.4 
30µM U+As(V), 10g (UV) bentonite, 10mM NaCl, pH 5 77.7  75.8 22.8 





6.7.2.3 Effect of amount of bentonite 
At all pH values, the amount of total U, total As, arsenite and arsenate were enhanced by 
increasing the amount of bentonite added to the systems from 20g/L to 100 g/L. 
 
Table 6-10. Removal of As(III), As(V) and U(VI) in systems containing U(VI) as a mass 
loading (U(VI)=As(III) = As(V) = 30 µM µM, 0.01 M NaCl, M/V=20 g/L and 100 g/L) 





30µM As(III), 30µMU(VI), 10mM NaCl, 10g bentonite, pH 3 71.2 15.6 
30µM As(III), 30µMU(VI), 10mM NaCl, 50g bentonite, pH 3 70.5 47.7 
30µM As(III), 30µMU(VI), 10mM NaCl, 10g bentonite, pH 5 95.8 7.7 
30µM As(III), 30µMU(VI), 10mM NaCl, 50g bentonite, pH 5 98.4 47.8 
30µM As(III), 30µMU(VI), 10mM NaCl, 10g bentonite, pH 8 68.4 25.5 
30µM As(III), 30µMU(VI), 10mM NaCl, 50g bentonite, pH 8 61.1 43.9 
30µM As(V), 30µMU(VI), 10mM NaCl, 10g bentonite, pH 3 71.0 -1.3 
30µM As(V), 30µMU(VI), 10mM NaCl, 50g bentonite, pH 3 77.6 22.8 
30µM As(V), 30µMU(VI), 10mM NaCl, 10g bentonite, pH 5 98.3 72.6 
30µM As(V), 30µMU(VI), 10mM NaCl, 50g bentonite, pH 5 98.4 76.6 
30µM As(V), 30µMU(VI), 10mM NaCl, 10g bentonite, pH 8 90.8 43.4 
30µM As(V), 30µMU(VI), 10mM NaCl, 50g bentonite, pH 8 43.9 21.5 
6.7.2.4 Effect of adding Methanol 
At all pH values, the amount of total U, total As were enhanced by adding 10 factors natural 
DOC to the systems. 
 
Table 6-11. Removal of As(III) As(V) and U(VI) in systems containing U(VI) as function of 
menthanol (U = As(III) = As(V) = 30 µM, 0.01 M NaCl, M/V=20 g/L) 









30µM U+As(III), 10g bentonite, 10mM NaCl + Methanol, pH 3 79.6 -8.1  0.1 
30µM U+As(III), 10g bentonite, 10mM NaCl, Methanol, pH 5 94.9 -1.0  4.9 
30µM U+As(III), 10g bentonite, 10mM NaCl, Methanol, pH 8 79.2 4.1  8.8 
30µM U+As(V), 10g bentonite, 10mM NaCl + Methanol, pH 3 80.6  -5.5 -7.1 
30µM U+As(V), 10g bentonite, 10mM NaCl, Methanol, pH 5 99  68.3 68.9 





6.7.2.5 Removal of uranium and arsenate in systems without bentonite 
Experiments without sorbing material conducted for higher concentrations of uranium and 
arsenic showed apparently no loss of total arsenic and uranium in non-filtered samples. In 
contrast, significant loss was observed after filtration probably indicating the precipitation of a 
U/As 1:1 phase. Higher loss was observed by adding NaCl (see Table 6-12). 
 
Table 6-12. Removal of As(V) and U(VI) in systems free bentonite 
(U= As(V) = 30 µM and 50 µM, 0.01 M NaCl) 







*30µM As(V), 30µMU(VI), 10mM NaCl, pH 3 4 0 5 
*30µM As(V), 30µMU(VI), 10mM NaCl, pH 5 80 5 9 
*30µM As(V), 30µMU(VI), 10mM NaCl, pH 8 82 4 10 
#50µM As(V), 50µMU(VI), pH 3 16 -5 -18 
#50µM As(V), 50µMU(VI), pH 5 76 71 81 
#50µM As(V), 50µMU(VI), pH 8 44 28 36 
#50µM As(V), 50µMU(VI), 10mM NaCl, pH 3 14 -7 -10 
#50µM As(V), 50µMU(VI), 10mM NaCl, pH 5 94 95 91 
#50µM As(V), 50µMU(VI), 10mM NaCl, pH 8 98 97 95 
* Samples were not filtered, # samples were filtered, acidified or frozen. 
 
